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The sediments of Bear Creek near Baltimore, Maryland demonstrate substantial 
toxicity to benthic organisms, and contain a complex mixture of organic and 
inorganic contaminants. The present study maps the spatial extent and depth profile 
of toxicity and contamination in Bear Creek, and explores correlations between heavy 
metals, organic contaminants, and toxic responses. Two novel analytical techniques – 
handheld XRF and an antibody-based PAH biosensor – were applied to samples from 
the site to quantify total metals and total PAHs in sediments. By comprehensively 
assessing toxicity in Bear Creek, the present study provides data to inform future risk 
assessments and management decisions relating for the site, while demonstrating the 
benefits of applying joint biological assays and chemical assessment methods to 
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Chapter 1: Spatial Assessment of Toxicity and Contamination in 





Contaminated sediments present environmental and public health concerns in the 
United States and worldwide. A 2002 assessment of coastal estuaries in the United States 
determined that 35% of estuaries are degraded due to contaminated sediments (United 
States EPA (USEPA), 2002). According to the USEPA, contaminated sediments pose 
ecological and/or human health risks in many regions throughout the country, even in 
areas where water quality criteria are not exceeded, and that harbors are particularly 
common hot spots for pollution (USEPA, 2004). Contaminated sediments “are typically 
the ultimate repository for contaminants in the environment,” resulting from both point 
and nonpoint pollutant sources; therefore, they serve as reservoirs and potential long-term 
sources of contaminants back into waterways and the environment (Reible and Lanczos, 
2006). Contaminated sediments pose threats to ecological integrity and human health, 
while reducing the recreational use of rivers and harbors in the U.S., and contributing to 
the enactment of fish consumption advisories (USEPA, 2005). Remediation activities are 
often undertaken to prevent risks posed by contaminated sediments, but site-specific 
understanding of contaminant extent and transport is necessary to decide the best course 
of remedial action and environmental management (USEPA, 2005).  





The Baltimore Harbor-Patapsco River system (Maryland, USA) is one of the most 
contaminated areas of the Chesapeake Bay. It has been designated as one of three 
Regions of Concern in the Bay by the Chesapeake Executive Council, and, along with the 
Anacostia and Elizabeth Rivers, has been the focus of USEPA study for over two decades 
(Chesapeake Bay Program, 1997). By 2007, Baltimore Harbor was still identified as one 











Figure 1.1. Aerial imagery of the Chesapeake Bay and Baltimore Harbor. Images from 
Environmental Systems Research Institute (ESRI) Basemap database  
 
Baltimore Harbor has been a center of industrial production since the beginning of 
the 18th century (Mason et al., 2004). Iron-ore related activity in the region of the harbor 
began in the 1700s, with production increasing during the Revolutionary War (Mason et 
al., 2004).  In the 1800s railroads were introduced and the area became a center of 






expanded prior to World War II, with Baltimore factories supplying much of the demand 
for steel (Mason et al. 2004). Though environmental concerns were not a high priority 
throughout most of this history, the effects became known eventually; by the 1960s, the 
Patapsco River was intensely polluted by both industrial activities and sewage discharge 
(Mason et al., 2004).  
Concerns for Baltimore Harbor have focused on the elevated concentrations of 
heavy metals and organic contaminants in sediments. In 1997, a comprehensive study 
was conducted to map concentrations of contaminants in surface sediments within the 
Baltimore Harbor/Patapsco River/Back River system. Samples were collected from 80 
sites in the Patapsco River, Baltimore Harbor, Curtis Creek, the Back River, and smaller 
tributaries including Rock Creek, Stony Creek, Bear Creek, Colgate Creek, and Old Road 
Bay (Baker et al., 1997).  The study analyzed these samples for polychlorinated biphenyls 
(PCBs), polycyclic aromatic hydrocarbons (PAHs,) organochlorine pesticides (OCs), and 
heavy metals including cadmium, chromium, copper, iron, lead, mercury, 
methylmercury, nickel, and zinc (Baker et al., 1997). Ashley and Baker (1999) 
determined that organic contaminants were highly variable throughout the system, and 
were not correlated with grain size or organic carbon content; they suggested that 
proximity to sources of input may have contributed to the variability. In general, lower 
PAH concentrations were observed in sediments with high sand content, which are 
located near to the shores of the channel (Ashley & Baker, 1999).  
One region of particular concern was Bear Creek, a tributary of the Patapsco 
River located near Baltimore Harbor and directly adjacent to the former Sparrows Point 




zinc, chromium, lead, hypothesized to be associated with a long history of steel 
production at the Sparrows Point complex adjacent to the creek (Baker et al., 1997). Sites 
in Bear Creek near Sparrows Point also showed the second highest concentration of total 
PAHs within the system, as well as considerable amounts of oil and tar which stymied 
accurate organic contaminant quantification (Baker et al., 1997). Bear Creek also had 
elevated levels of PCBs and organochlorine pesticides (Baker et al., 1997). Organic 
contaminants within the system were elevated in direct proximity to the Sparrow’s Point 
Industrial Complex, likely associated with pyrolysis of coal during the production of steel 

































Figure 1.3. Aerial imagery of the Sparrows Point Industrial Complex/Bear Creek study 
site. Image from ESRI basemap database.  
 
 
McGee et al. (1999) assessed a subsample of these sites for sediment toxicity 
using the 10-day acute tests with the estuarine amphipod Leptocheirus plumulosus, a 
recommended species for assessing marine and estuarine sediments (EPA, 2000). Two 
sites assessed in this study were located in Bear Creek, one of which yielded 0% survival 
and the other 50% survival (McGee et al., 1999). McGee et al. demonstrated continued 
toxicity with a subsequent test in 2004. In 2012, researchers at the Wye Research and 















in two sites within the offshore area and compromised survival in three other sites 
(Yonkos et al., 2012).  
In 2006, a comprehensive study was conducted on Baltimore Harbor sediments, 
attempting to assess the causes of demonstrated toxicity in Bear Creek and other sites 
within Baltimore Harbor. Though contaminant classes and elevated toxicity were 
demonstrated, it had thus not been attempted to link toxicity to a particular chemical 
class, which, as they wrote, “greatly hinders management of the Harbor” (Klosterhaus & 
Baker, 2006). The study applied a whole-sediment toxicity identification and evaluation 
(TIE) approach to sediments from the site, but the authors were unable to distinguish 
classes of compounds potentially responsible for toxicity.  They assessed both metals and 
organic compounds for their relationship to toxicity, but sediment manipulations that 
worked in the laboratory with spiked control sediments were unable to remove toxicity 
when applied to the sediments of Baltimore Harbor, likely due to their complexity and 
the presence of other compounds that are potentially responsible for toxic responses 
(Klosterhaus & Baker, 2006).  
Other studies have explored the relationship between toxicity and various 
contaminant classes within the Baltimore Harbor system. In a 1999 study, McGee et al. 
posited that toxicity at stations within Bear Creek may have been driven by sediment-
associated metals, while Inner Harbor toxicity could be connected with both metals and 
organic contaminants (McGee et al., 1999). They determined that organic compounds 
were not present at levels high enough to explain toxicity, though at one site directly 
adjacent to Sparrows Point, high levels of oil and tar interfered with analysis (McGee et 




related toxicity was not present in porewater, likely because of the high sulfide 
concentrations in the sediment. A comparison of Simultaneously Extracted Metals to 
Acid Volatile Sulfide (SEM/AVS) in sediments is often used to predict bioavailability 
and toxicity of contaminants, with ratios of less than one indicating low bioavailability 
and toxicity, as reactive sulfide binds metal species (Klosterhaus & Baker, 2006). In Bear 
Creek sediments, SEM/AVS ratios were all considerably less than one, indicating low 
bioavailability of metals (Klosterhaus & Baker, 2006). Graham et al. (2009) assessed 
chromium in sediment and porewater from 22 locations within the Baltimore Harbor 
system, and found low concentrations of Cr(VI), the more toxic species of the metal, in 
both sediments and sediment porewater.  
Contamination at depth within Bear Creek and Baltimore Harbor has been 
explored to a limited degree. One report assessed a sediment core within the Bear Creek 
system, which showed consistent PAH concentrations over the past 30 years, and highest 
concentrations of metals (except zinc) within the surface layer (Klosterhaus & Baker, 
2006). A study by Mason, Kim and Cornwell in 2004 also assessed metals concentrations 
at depth within sediment cores in Baltimore Harbor, relating contaminant concentrations 
to the industrial history of the area. One of their study sites was the historically toxic Site 
28, located directly adjacent to Sparrows Point (Fig. 1.3), which was assessed and 
reported by McGee et al. (1999, 2004) and caused 100% mortality for benthic 
amphipods. This sediment core revealed peaks in chromium after 1960 with lower values 
at the surface; Zinc also peaked during the late 20th century with an even more 
substantial peak around 1920 (Mason et al., 2004). Lead and nickel were both lowest in 




nickel peak around 1980 (Mason et al., 2004). Researchers dated the core from Site 28 as 
a part of this study, and found that sediments in the area had been subject to repeated 
disturbances and variable sedimentation rates, but that the 2-meter core does not reflect 
any time before major human impacts in the area – likely representing a time period of 
100 years (Mason et al., 2004).  
 
Management status of Sparrows Point  
 Sparrows Point began steel production in the 1880s, and was under ownership by 
Bethlehem Steel for most of its history, until the company liquidated in 2003 (Reutter, 
2012). The site changed hands several times, from Mittal Steel to Severstal to RG Steel, 
who ran the facility until they, too, went bankrupt in 2012 (Wood, 2016). After two years 
of ownership by Hilco Global, a financial services firm, it was bought in September, 
2014 by Sparrows Point Terminal, LLC, which has entered into agreements with the 
USEPA and the Maryland Department of the Environment (MDE) to address pollution at 
the site. The firm has agreed to commit $48 million to environmental cleanup, as well as 
contributing funds to investigate issues in the offshore area of Sparrows Point (Wood, 
2014). The company plans to redevelop the site into an industrial and transportation 
complex, and have renamed the property Tradepoint Atlantic (Wood, 2016).  At the same 
time, the Maryland Port Authority has sought space to build a facility for dredged 
material storage at the site (Sherman, 2015). In light of planned redevelopment, a 
thorough understanding of the environmental and human health risks present at the site 





Ecological and human health risk assessments 
 Bear Creek, Sparrows Point, and the surrounding areas have been subject to a 
series of ecological and human health risk assessments within the past several years. In 
2010, a Baseline Ecological Risk Assessment (ERA) was conducted for on-site areas at 
Sparrows Point. The assessment found elevated food chain risks present at the site for 
cadmium, chromium, lead, nickel, selenium, and zinc, as well as for high molecular 
weight PAHs, and concluded that soil invertebrates and benthic invertebrates were at risk 
from exposure, particularly to chromium (URS Corporation, 2010). In 2011, EA 
Engineering, Science and Technology, Inc. (EA) conducted a risk assessment of the 
offshore area of the Coke Point Peninsula, at the southwestern corner of the Sparrows 
Point complex (Figure 1.3), to assess potential risks to aquatic and benthic communities 
and to wildlife. The risk assessment was based on site measurements of contaminants in 
sediment and surface water, and comparison to toxicological benchmarks. They found 
sediment concentrations of arsenic, chromium, copper, lead, mercury, zinc, dioxins, high 
molecular weight PAHs, low molecular weight PAHs, and PCBs at levels that were likely 
to cause risks to wildlife (EA, 2011). For surface water, several metals, ethylbenzene, 
toluene, and PAHs exceeded benchmarks, with PAHs as the most likely to drive risks in 
near-shore areas (EA, 2011). In assessing wildlife risks based on food web modeling, 
they determined that the Coke Point area showed higher risks to wildlife than the 
Patapsco River background area, and that PCBs and PAHs are the most likely to drive 
risk in the area (EA, 2011).  
 The Coke Point risk assessment also addressed potential human health risks at the 




current status of the offshore area, which was “not expected to be frequently used” for 
recreational purposes (EA, 2011). This assessment analyzed carcinogenic and non-
carcinogenic risks to adult, adolescent and child recreational users, and to watermen, for 
exposure to surface water, sediment, and fish and crab tissue. They concluded that 
carcinogenic risks exceeded the USEPA screening levels for all groups except child 
recreational users, but that non-carcinogenic hazards were only in excess of USEPA 
target levels for child recreational users (EA, 2011). Risk was driven in these cases by 
dermal exposure to surface water, with contributions from fish and crab tissue 
consumption – though the analysis noted that carcinogenic consumption levels were 
comparable to those for the Patapsco River background area, which already has a fishing 
advisory in place for PCBs (MDE, 2014). Chemicals contributing risks included PAHs 
and PCBs in fish tissue, and PAHs and dioxins in surface water (EA, 2011). The second 
human health risk assessment evaluated cumulative risks for future planning at the site, 
calculating risks based on a theoretical maximum exposure scenario, and concluded that 
risks exceeded those of the Patapsco River Background Area (EA, 2011).  
Results from the Coke Point study, which demonstrated contaminant 
concentrations leading to elevated ecological and human health risks, brought further 
attention to nearby Bear Creek, further north from the peninsula but still directly offshore 
from the Sparrows Point complex. In 2011, Exponent, Inc. (Exponent) produced a draft 
report for the Chesapeake Bay Foundation (CBF) that concluded the conditions at the 
Sparrows Point site posed an “imminent and substantive endangerment” to human health 
and environmental integrity, and that the site warranted further study. “Despite a variety 




contaminants in all of the outlying areas around Sparrows Point is difficult. This is 
because a systematic characterization of the extent of sediment contamination has not 
been conducted thus far” (Exponent, 2011). Historical samples had not been collected 
systematically to represent the entirety of the region, and thus evaluating potential for 
exposure pathways from direct contact to sediment and from fish and crab consumption 
was not possible. Given the proximity of Bear Creek to residences, schools, parks, docks 
and recreational fishing areas, a similar study to the Coke Point analysis is warranted.   
In the fall of 2014, EA published their work plan for a Sparrows Point Offshore 
Investigation, prepared for the Sparrows Point Environmental Trust. Through a 
combination of field sampling, analytical testing of sediments and porewater, and the 
calculation of human health and ecological risk based on measured chemical data and 
modeled surface water concentrations, the study aimed to assess risks at the site. 
Preliminary results from this study were released in early 2015, indicating ongoing 
contamination with PAHs, metals and PCBs (EA, 2015). Exponent also continued their 
assessment of the site, reviewing a database of information on samples from the Sparrows 
Point area in 2015 to explore their potential for negative effects on human health. 
Simultaneously, the current study was undertaken to supplement ongoing risk 
assessments with additional chemistry data, and results from toxicity tests – a measure of 









Bear Creek and the larger Baltimore Harbor/Patapsco River system have been 
subject to numerous environmental studies in the past two decades, but major limitations 
exist in our understanding of the pattern of toxicity and contamination within Bear Creek. 
Studies of contamination and toxicity have primarily been performed within the context 
of larger Harbor-wide studies, with repeated sampling and assessment at a series of –pre-
defined locations including the historically polluted Site 28. Both EA and Exponent have 
proceeded with ecological and human health risk of Bear Creek within the past year. 
These risk assessments improve upon previous studies with regards to the spatial 
distribution of sampling sites. However, they focus primarily on the direct offshore area 
of Sparrows Point, within 100 m of the shoreline. Though these areas are arguably most 
relevant for human exposure, the areas closest to the shore are comprised of sediments 
with a higher sand content, which have historically harbored lower contaminant 
concentrations and have recently been demonstrated to be less toxic than those with 
lower sand content (Ashley and Baker, 1999; Yonkos, 2015). Our understanding of 
contamination and toxicity across the width of Bear Creek, and particularly in closer 
proximity to neighborhoods across the channel from the Sparrows Point complex, is 
limited. To better assess human health and ecological risks in the area, and to guide 
management/remedial decisions in the future, a finer-scale assessment of toxicity within 
the creek is necessary. In addition, we lack knowledge of toxicity and contamination in 
subsurface sediments at the site. While these sediments are not currently part of complete 
exposure pathways for ecological or human health risks, the potential for disturbance of 




sediments below surface will provide valuable information to guide risk assessment 
under development scenarios, and to guide future management decisions at the site.  
The current risk assessments of Bear Creek are also based upon a comparison of 
measured contaminant levels in environmental samples with relevant screening levels for 
specific contaminants in sediment and water. As the history of research in Bear Creek 
demonstrates, the sediments in the creek contain a complex mixture of numerous 
potentially toxic agents. Though toxicity to benthic organisms is established in Bear 
Creek sediments, toxicity identification and evaluation experiments have been 
inconclusive as to which compounds drive toxicity (Klosterhaus & Baker, 2006). In a 
complex contaminant mixture with potential additive effects of multiple contaminants, 
predicting ecological or human health risks based on chemical data may be insufficient. 
Sediment toxicity assays provide a valuable metric for assessing ecological risks, 
providing “direct, quantifiable evidence of biological consequences” that can normally 
only be inferred from chemical analyses (McGee et al., 1999). In the case of Bear Creek, 
toxicity assays can help to delineate the extent of the impacted area, even though 
causative agents of toxicity are unknown.  
The first objective of this study is to develop a more complete understanding of 
the spatial extent of toxicity within the Bear Creek system, including examining toxicity 
depth profiles within sediment cores. Previous studies have focused on sediment 
contamination near shore rather than in the area across the channel, which is known as an 
area of recreational use. Two hypotheses related to spatial distribution of toxicity are put 
forth for this study: first, that toxicity of sediments will decrease with distance from the 




within sediment cores. This depth-related hypothesis is based on our current 
understanding of Bear Creek as a site with historic contaminant inputs that have 
decreased in recent years. Based on Mason et al.’s (2004) assessment of sedimentation 
rates, sediments within the first 80 cm – the depths sampled in this study – are all likely 
from a time period of intensive human use. Surface samples were collected in an east-
west and north-south grid within the Bear Creek channel, and a subset of cores were 
collected to explore toxicity at depth.  
A second objective is to explore the relationship between toxicity and chemical 
contaminants within this expanded database of samples. To pursue this objective, two 
novel analytical techniques are explored for contaminant evaluation – an antibody-based 
PAH biosensor and a handheld X-ray fluorescence (XRF) device. Both these techniques 
are substantially faster and lower-cost, and require significantly less sample volume and 
preparation than traditional methods for contaminant analysis. These methods will be 
discussed in detail in Chapter 2 (PAH biosensor) and Chapter 3 (Handheld XRF), where 
we explore the correlations between the biosensor and GC-MS and between handheld 
XRF and ICP-MS as a means to validate these techniques for use at the Bear Creek study 
site.  
By examining toxicity and potentially related contaminant classes in sediments 
from areas of Bear Creek that have not been previously sampled, this study expands our 
spatial understanding of the extent and depth of toxicity and contamination at the site. By 
including toxicity assays, the study supplements ongoing data collection at Bear Creek 
with additional evidence of direct biological effects from contaminants, providing 




handheld XRF and an antibody-based PAH biosensor, we gather further chemical 
evidence to investigate chemistry-toxicity correlations at Bear Creek specifically, while 
demonstrating the value of fast and low-cost chemical techniques for pollution mapping 




MATERIALS AND METHODS 
 
Site description and sample collection 
The site assessed in this study comprises the offshore area directly to the west of 
Sparrows Point. Sampling sites for toxicity tests were identified in a grid spanning the 
width of the channel and in a rough north to south gradient. (Fig. 1.4). Sites were 
identified in areas of previously established and/or suspected toxicity, and at increasing 
distances from the shoreline. Sites were specifically selected in depositional areas with 
low-sand-content sediments, as these have demonstrated greater toxicity to benthic 
organisms in the recent past (Yonkos, 2015)  
Sediment samples from twenty stations in the region were collected on June 3-4, 
2015, according to standard American Society of the International Association for 
Testing and Materials (ASTM) and USEPA protocols (ASTM, 1994; USEPA, 1995). On 
June 11, two more sites were sampled (A2 and A’1, Figure 1.2). Sediment samples were 



























Figure 1.4. Sampling sites in Bear Creek, labeled as transects H through A’ Inset, upper 







Once ponar grabs were brought on board, they were placed in stainless steel metal trays 
(cleaned with site rinses and acetone between sites). The top two centimeters of multiple 
Ponar grabs were homogenized to generate testing material, by mixing until 
homogeneous in texture and color. Sufficient material was collected for both toxicity 
tests and chemical analyses of sediments. 
Sediment samples from twenty stations in the region were collected on June 3-4, 
2015, according to standard American ASTM and USEPA protocols (ASTM, 1994; 
USEPA, 1995). On June 11, two more sites were sampled (A2 and A’1, Figure 1.2). 
Sediment samples were collected using a full-size Ponar grab sampler and boat-mounted 
davit. Once ponar grabs were brought on board, they were placed in stainless steel metal 
trays (cleaned with site rinses and acetone between sites). The top two centimeters of 
multiple Ponar grabs were homogenized to generate testing material, by mixing until 
homogeneous in texture and color. Sufficient material was collected for both toxicity 









Figure 1.5. Collection of surface sediment with Ponar and boat-mounted davit by L. 






both	homogenized	and	 replicate	 form.	Homogenized	 samples	were	 the	product	 of	
mixing	 several	 Ponar	 grabs	 and	 then	 splitting	 the	 total	 sediment	 sample	 into	 five	
treatment	 chambers,	 while	 replicate	 samples	 have	 five	 replicates	 that	 each	
represent	a	single	Ponar	grab.		
Sub-samples for toxicity testing were placed in pre-cleaned 2.5L HDPE 
containers and held on ice while in the field, then refrigerated at 4oC until processing for 
sediment tests. Subsamples for chemical analysis were stored in 250-mL certified amber 
jars and pre-cleaned 1L Mason jars. Reference sediment was collected from Bigwood 
Cove, a Wye River tributary. An in-site reference sample was also collected from a site 
within the Bear Creek system but at a historically non-toxic location (Figure 1.5 inset). 
On September 17th, 2015, repeat samples were obtained from sites C1, D1 and D2 for a 
second toxicity test.  
 
Core sample collection and processing  
 Core samples were collected from a subset of six sites (C1, C2, C3, C4, F1 and 
G1) on July 28th, 2015 and from three further sites (F2, G2, G3) on September 17th, 2015. 
Core sites were selected based on results from surface toxicity tests. Sediment cores were 
collected using an in-house fabricated coring device, which was operated using a boat-
mounted davit. The coring device was comprised of a 4-inch diameter PVC tube 
connected to adjustable lengths of 2-inch PVC pipe, used to plunge the core through 
sediment layers. Inside the PVC system, adjustable lengths of steel rods were attached to 




To collect cores, the apparatus was attached to the boat-mounted davit and the 
steel rods were pushed through the PVC system so that the rubber valve was flush with 
the bottom of the four-inch PVC core casing. The rods were clamped in place, and the 
tube was lowered into the water. The apparatus was positioned perpendicular to the 
sediment surface, with the valve resting on the sediment surface. The PVC system was 
then plunged by hand into the sediment while the valve was held in place at the surface of 
the sediment. Using the assistance of the boat-mounted davit, the cores were lifted from 
the water, with the sediment core held intact within the PVC casing.  
  
Figure 1.6. Sediment coring process. Attachment of coring device to boat-mounted davit 










Figure 1.7. Two intact sediment cores from Baltimore Harbor, with oily sheen visible on 
the surface. Cores were occasionally homogeneous in color and texture (a) but many 
showed clear stratification of layers, showing that sediments were likely not mixed 
during the plunging and removal process (b) and reflecting potential differences in redox 
conditions, contaminant profiles, or other sediment characteristics.  
 
Cores were capped for transport to the University of Maryland, and then were 
stored vertically in a 4oC refrigerator until processing. Before the initiation of sediment 




sheet-metal shears. Cores were segmented by depth, with 10 cm increments from 0 cm to 
40 cm and 20 cm increments between 40 and 80 cm. Subsections of cores were stored in 
Ziploc® bags in a refrigerator at 4oC.  
 Repeat cores from sites C1, C3 and G1 were collected for GC-MS analysis of 
sediment porewater on January 9th, 2016.  
 
Surface sediment toxicity tests 
 Toxicity of sediment samples was investigated using methods described in the 
Standard Guide for Conducting 10-day Static Sediment Toxicity Tests with Marine and 
Estuarine Amphipods (ASTM, 1992).  Test organisms were benthic estuarine amphipod 
Leptocheirus plumulosus, purchased from Chesapeake Cultures, Hayes, VA. Organisms 
were shipped priority overnight. Organisms were between 2 and 4 mm in length – passed 
through a 750 µm screen, but retained on a 500 µm screen. Two rounds of toxicity 
bioassays were performed for surface sediments. The first 10-day exposure began June 9, 
2015, with the second starting June 23rd, 2015. Additional surface sediment tests were 
conducted for sites C1, D1 and D2 (repeat samples) in November of 2015, in order to 
assess variability of sediment toxicity test results between different sampling events. 
 Surface sediments, homogenized in 2.5 L buckets, and reference sediment from 
the Wye River, were processed prior to testing by sieving through a 500 um mesh screen 
to remove debris, resident amphipods, competitors, and predators. For each sample site, 
five replicate 1L glass beakers were loaded with 175 mL aliquots of sieved sediment 
using a stainless steel spoon. Dechlorinated municipal water was aged, aerated and 




chambers for a final volume of 1 L. Baffles were used to minimize sediment suspension 
during addition of water. Test chambers were arranged in randomized fashion on the 
testing table (Fig. 1.9).  
Prior to test initiation, overlying water was siphoned from chambers and renewed, 
approximately 24 hours after it had been added. Test chambers were gently aerated using 
1 mL plastic pipettes, at approximately 1 bubble/second. Tests were conducted at 23+/- 
1oC under constant fluorescent lighting. On Day 0, prior to introducing test organisms, 
general water chemistry (DO, pH and temperature) was measured on all replicates, as 
well as on Day 9 prior to test conclusion. Ammonia and salinity were also measured on 
Day 0 and Day 9 on one replicate each. On all other days water chemistry analysis (DO, 
pH, temperature, ammonia and salinity) was performed on only one replicate per 
sediment site. Porewater ammonia was also analyzed prior to the beginning of the test. 
Bulk sediments were placed in 50 mL conical-bottom HDPE centrifuge tubes and were 
centrifuged at 3,500 rpm for 15 minutes. Separated porewater was decanted and ammonia 
was analyzed immediately using a LaMotte Smart3 Colorimeter.  
Toxicity tests were initiated by loading 20 L. plumulosus into each test chamber 
on Day 0. Organisms were unfed for the duration of the test. Observations of test 
chambers were made daily. On Day 10 of the test, overlying water and sediments were 
rinsed through a 500 µm sieve in order to collet and count organisms. Observations were 





Figure 1.8. Toxicity test table with aerated test chambers.   
 
Core sediment toxicity tests 
 Toxicity tests for sediment core samples were conducted under the same general 
parameters as surface sample tests, described above. Given space limitations of the 
testing table, cores were tested in groups of three. The test for cores  C1, G1 and F1 was 
initiated on August 4th, 2015, while cores C2, C3 and C4 were tested beginning on 
August 28th, 2015. Deviations from the sediment testing protocol were made due to 
limitations of sediment availability. While controls were still run in replicates of five, 
core material was only sufficient to run four replicates at volumes of 150 mL of 
sediments (control sediments were also run in 150-mL aliquots). Limited material 
precluded the measurement of porewater ammonia before initiation of test. Water 
chemistry was conducted as described above. Tests were initiated by introducing 20 L. 




was run on 3 repeat cores from sites C1, C3 and G1 in January of 2016, in order to assess 
variability of toxicity test results between two separate core sampling events.  
 
Sediment chemical analysis 
Subsamples were retained from each surface sediment sample and core segment 
for analysis of select heavy metals and organic constituents. Metals analysis was 
performed at the University of Maryland Chesapeake Biological Laboratory, Solomons, 
MD. Samples were hand-delivered to Dr. Andrew Heyes after being kept on ice. 
Inductively coupled plasma mass spectrometry (ICP-MS) was used to analyze 
concentrations of Cr, Zn, Cu, Ni, Pb, V and As in each sample. Samples were weighed 
and placed in a VWR Scientific Forced Air Oven at 60oC overnight, and were then 
reweighed to determine dry weight/wet weight ratios. Another subsample of each 
sediment was placed in an acid-cleaned quartz flask for microwave digestion, using EPA 
Method 3052. The Milestone EOTHO-EZ uses quartz reaction vessels placed inside 
PTFD flasks, which are sealed during the digestion. For digestion, 1-2 g of sediment were 
placed in the vessel with 9 mL of concentrated ultra pure HNO3 and 2 ml of concentrated 
ultrapure HCL. The vessel was capped with a loose fitting quartz cap, and placed in the 
Teflon flask; 5 ml of 30% H2O2 was added to the Teflon sleeve and the sleeve was 
sealed. The sample was heated to 180oC in the microwave for 15 minutes then allowed to 
reflux for 20 minutes. The samples were then cooled and filtered through Whatman No. 
41 filter paper by suction filtration and diluted to required volume with deionized water. 
These extracts were analyzed using a Hewlett-Packard 4500 Inductively Coupled Plasma-




blanks were analyzed with each batch - NIST 1646a and NIST 1944 (NY/NJ), and 
standard additions were done to test for interferences (Heyes, personal communication, 
2016).  
Analysis of ten whole sediment sub-samples was performed for total petroleum 
hydrocarbons (TPH), polycyclic aromatic hydrocarbons, and polychlorinated biphenyls at 
Texas A&M University. Samples H1, G1, G3, F1, E1, E2, D1, D2, C1, and C3) were 
mailed to Dr. Terry L. Wade at Texas A&M using appropriate handling and chain of 
custody procedures. The sediments were extracted for total PAH, PCB and TPH analysis 
using methods previously described by Kirman et al (2016). For TPH and PAH 
measurement, a flame ionization detector was used for quantitative detection. For PCBs, 
GC-MS in selected ion mode (SIM) was used (Wade, personal communication, 2016). 
 
PAH porewater analysis 
Polycyclic aromatic hydrocarbons were also analyzed in porewater of each 
surface and core sample using an antibody-based biosensor, developed by Drs. Kaattari 
and Unger at the Virginia Institute of Marine Science in Gloucester Point, VA. To obtain 
sediment porewater, bulk sediments were centrifuged at the Wye Research and Education 
Center in 50 mL conical-bottom HDPE tubes at 3,500 rpm for 15 minutes. Porewater was 
decanted and frozen until analysis. The day prior to biosensor analysis, 
polymethylmethacrylate beads (Sapidyne) were coated with the antigen, a pyrene-butyric 
acid-bovine serum albumin conjugate (PBA-BSA). 200 µg of a 1.68 mg/mL stock was 
added to 200 mg of beads. The antibody used for experiment was 2G8, an anti-pyrene-




PAHs (Li et al., 2016). The antibody was frozen down and then fluorescently tagged with 
AlexaFluor 647. The antibody solution was made with 30 mL diluent to 240 µL mAb. 
Antibody solution and antigen-coated beads were loaded into the instrument, and 
voltages were stabilized using water samples. Spier et al. (2011) describe the automated 
sample-handling program of the KinExA Inline Sensor. Upon sample introduction, a 
coated bead pack (approximately 400 µL) was loaded into the flow cell. Next, 400 µL of 
fluorescently-tagged antibody was loaded, along with 400 µL of water, standard or 
sample. After mixing within a mixing syringe, half the solution was discarded while the 
rest was introduced to the bead back loaded into the flow cell, and fluorescence was 
recorded by the instrument. As Spier et al. (2011) write, the fluorescence signal “was 
based on competitive exclusion by free PAHs in the sample such that the amount of 
[antibody] bound to the antigen-coated beads within the flow cell was inversely 
proportional to the concentration of three- to five-ring PAHs in the sample.” Fifty percent 
dimethylsulfoxide in DI water was used for automated rinsing between samples. Samples 
were loaded 7 at a time.  
Standards, prepared with phenanthrene in methanol added to DI water at 
concentrations of 0.5 µg/L, 1 µg/L, 1.5 µg/L, 2.0 µg/L and 2.5 µg/L, were used to create a 
calibration curve to determine porewater concentrations. After stabilization with water 
and analysis of standards, samples were introduced. Prior to introduction, samples were 
filtered through a 0.45 µm filter (Millipore). To bring samples within the calibration 
range of the instrument, many samples were diluted from between a 1:1 dilution and a 






Kriging was performed using surface sample data as the input layer, in order to 
predict survival and contaminant concentrations throughout the system. Multiple 
combinations of kriging method and semivariogram models were compared, and 
Ordinary Kriging using a Stable semivariogram model was chosen for mortality data and 
applied to each contaminant class. Probability kriging surfaces were created using 
ArcGIS’s Empirical Bayesian Kriging tool to predict likelihood of exceeding predicted 
effects concentrations for sediments.   
 Using ArcGIS Geostatistical Analysis tools, spatial interpolation (kriging) was 
performed for mortality data and for concentrations of chemicals within sediments. As a 
first step in the kriging process, the Geostatistical Wizard was used to examine several 
semivariogram models, which, when fit to a set of data, measure the strength of a 
statistical correlation as a function of distance (ESRI, 2011). Several semivariogram 
models were compared, and the prediction error statistics were computed for each. 
Unbiased prediction errors are indicated by a mean standardized prediction error near 
zero, and valid predictions are indicated by a root-mean-squared standardized value near 
1 (ESRI, 2011). ArcGIS’s Empirical Bayesian Kriging (EBK) tool, which automatically 
optimizes parameters by repeatedly estimating new semiovariogram models, provided the 
best values (Krivoruchko, 2012). However, Universal Kriging using a Stable 
semiovariogram was chosen to create prediction surfaces, so that settings could be 
documented and maintained between factors. To create a mortality prediction surface that 






The only endpoint for the Leptocheirus test was survival. Data were found to be 
non-normally distributed, and so statistical analysis of survival data was performed on 
square-root arcsine transformed data using the Kruskal-Wallis ANOVA on Ranks test 
with Dunn’s post-hoc comparisons between treatment means and means from both the 
Bigwood Cove control site and the in-system control. Statistical tests were run using 
SigmaPlot version 12.0 software, with significance set at a minimum probability level of 
p = 0.05. Samples were also analyzed individually within their respective transects. For 
analysis of core samples, each core was analyzed individually, with segments compared 
to the respective test’s control sample with the lowest survival. These data were also non-
normal, necessitating a Kruskal-Wallis test with Dunn’s post-hoc comparisons between 
core segments and treatment means. To assess the relationship between toxicity and 
chemistry, a Pearson correlation coefficient test was computed for survival data and for 








For	 each	 test,	 average	 overlying	 water	 quality	 parameters	 in	 amphipod	
toxicity	test	chambers	remained	within	acceptable	limits	for	the	duration	of	the	test.	
All	 control	 sites	had	average	values	greater	 than	or	equal	 to	90%,	above	 the	80%	





by	 averaging	 the	 survivals	 from	 each	 test	 chamber	 (Tables	 1.1	 and	 1.2).	 One	
treatment	 replicate	 from	 site	 A1	 was	 accidentally	 discarded	 during	 the	 test	
takedown,	 so	 the	mean	percent	 survival	was	 calculated	 from	only	 four	 replicates.	
Mean	survival	values	are	presented	as	percentages	out	of	100.		
	












CONTROL 98 2.74 
CONTROL (IS) 90 17.32 
A1 34 12.50 
E1 8 8.37 
E2 42 12.04 
E3 67 14.83 
F1 28 13.04 
F2 54 17.10 
G1 69 14.75 
G2 67 9.08 
G3 91 8.22 
H1 76 16.73 




Mean percent survivals in the test samples ranged from 8% to 91%, with standard 




toxicity test, five – A1, E1, E2, F1, and F2 - showed significant differences from the 
Bigwood Cove control sediment. All sediments that differed significantly from the 
Bigwood Cove sediment were also significantly different from the in-system control 
sediment, except for sample F2 (54% survival). For this test, sediments with above 60% 
survival did not show significant differences from either control (See Appendix B). 
 
 











CONTROL	 99	 2.24 
CONTROL	(IS)	 98	 2.74 
B1	 13	 11.09 
B2	 49	 21.62 
C1	 1	 2.24 
C2	 9	 8.94 
C3	 29	 17.82 
C4	 50	 14.14 
D1	 0	 0.00 
D2	 2	 2.74 
D3	 5	 5.00 
A2	 61	 13.87 
A’1	 42	 29.07 
 
 
Mean % survivals in the second set of test sites ranged from 0% to 61%, with standard 























































Of eleven test sites included in the second toxicity test, six sites – B1, C1, C2, D1, D2, 
and D3 – were significantly different from both control sediments. sediments with 42% 




showed	 statistically	 significant	 mortality,	 with	 significant	 mortality	 extending	
further	into	the	channel	in	transects	C,	D,	E	and	F.	Due	to	nonparametric	statistical	




both	homogenized	and	 replicate	 form.	Homogenized	 samples	were	 the	product	 of	
mixing	 several	 ponar	 grabs	 and	 then	 splitting	 the	 total	 sediment	 sample	 into	 five	
treatment	 chambers,	 while	 replicate	 samples	 have	 five	 individual	 replicates	 that	
each	form	a	single	ponar	grab.		For	site	E1,	the	coefficients	of	variance	were	nearly	
equal	 between	 homogenized	 and	 replicate	 samples	 (Table	 1.3).	 For	 site	 G1,	 the	
coefficient	 of	 variance	 for	 the	 replicate	 samples	 was	 lower	 than	 that	 for	 the	
homogenized	 samples,	 indicating	 that	 replicate	 survival	 may	 vary	 even	 when	
replicates	 are	 drawn	 from	 a	 homogenized	 batch	 of	 sediments.	 The	 differences	
observed	between	the	two	tests	for	Sites	C3	and	D2	indicate	some	degree	of	spatial	

















Site Sample Form Average % Mortality Coefficient of 
Variance 
          E2 Homogenized 58 21 
Replicate 54 24 
         G1 Homogenized 31 48 
Replicate 33 30 
C3 Homogenized 71 25 
Replicate 53 54 
         D2 Homogenized 98 3 
Replicate 90 10 
Site Survival Test 1 (%) Survival Test 2 (%) Distance 
C1 1 1 2.9 meters 
D1 0 5 6.1 meters 




While	 sites	 C1	 and	 D1	 were	 similar	 to	 results	 from	 the	 original	 sediment	
toxicity	 test,	 site	 D2	 differed	 greatly.	 Distances	 between	 the	 original	 and	 re-
collection	sites	were	measured	in	Google	Earth	based	on	GPS	latitude	and	longitude	







Averages of control replicate survivals were at or above the 90% survival required 
for a valid toxicity test. Originally, two control treatments were included in each core 
test, because 18 treatments (3 cores x 6 segments per core) were run in each test. 
However, cores were ultimately analyzed separately from one another. For each 
statistical test, the core was run against the weaker of two controls for that test.  Because 
data was not normally distributed, all sediment cores were analyzed nonparametrically 
(Appendix B).  
 Cores within the system showed a variety of vertical patterns. Cores G1, F1, C1 
and C2, near the shoreline, showed substantial toxicity (81-100%) throughout the entirety 
of the column. When compared to the surface grab samples, which are comprised of the 
top two centimeters of multiple sediment grabs, cores G1 and F1 are substantially more 
toxic below the surface than they are at the surface. Cores G2 and F2 also show a similar 
pattern, with a moderately toxic surface layer underlain by a relatively nontoxic top ten 
centimeters, with increasing toxicity at depth within the core. Cores G3 and C3 show a 
roughly similar pattern, with toxicity results peaking in the middle section of the core, 




with only the top 20 cm exhibiting substantial toxicity. This distribution of toxicity within 
cores also reveals horizontal patterns within the channel. From the points near sparrows 
point to the middle of the channel, toxic responses are substantial for the entire length of 








































Table 1.5 Mean Percent survival of test organisms within core segments 
Depth C1 C2 C3 C4 F1 F2 G1 G2 G3 
0-10 0 8 85 74 6 86 18 88 63 
10-20 0 4 51 78 0 49 3 60 58 
20-30 0 3 45 76 0 33 0 53 33 
30-40 0 16 25 85 1 13 0 36 25 
40-60 0 14 51 89 3 35 1 21 29 
60-80 0 6 60 94 0 33 3 21 61 
 
	 Core	 C1	 caused	 100%	 lethality	 for	 the	 entire	 depth	 sampled.	 In	 core	 C2,	
survivals	were	uniformly	below	20%,	but	higher	values	were	observed	between	30	
and	 40	 cm	 (Table	 1.5).	 Core	 C3	 showed	 highest	 survivals	 at	 the	 surface,	 with	
moderate	 lethality	 at	 depth	 while	 in	 Core	 C4	 survivals	 were	 generally	 high	 with	
improvement	at	depth.	Cores	F1	and	G1	were	largely	toxic,	with	highest	survivals	in	
the	top	segments.	F2	and	G2	show	a	similar	pattern,	with	high	survivals	in	the	top	
segments	 and	 decreasing	 survival	 at	 depth,	while	 G3	 exhibits	 decreasing	 survival	
with	a	band	of	higher	survival	at	60-80	cm.		
Mean	 percent	 survivals	 were	 also	 compared	 between	 the	 original	 cores	
collected,	 and	 repeated	 cores	 collected	 in	 January	 of	 2016	 to	 obtain	 sediment	
volume	 necessary	 for	 GC	 analysis	 (Table	 1.6).	 Cores	 were	 taken	 from	 the	 same	









Table	 1.6.	 Mean	 %	 Survival	 compared	 between	 two	 core	 sampling	 events	 at	 the	
same	sampling	sites.		
	
Core Section	 Mean % Survival – 
Test 1	




C1 0-10	 0	 5	  
C1 10-20	 0	 3	  
C1 20-30	 0	 0	  
C1 30-40	 0	 0	 3.01 meters 
C1 40-60	 0	 0	  
C1 60-80	 0	 0	  
	 	 	 	
C3 0-10	 85	 71	  
C3 10-20	 51	 50	  
C3 20-30	 45	 51	 9.6 meters 
C3 30-40	 25	 33	  
C3 40-60	 51	 46	  
C3 60-80	 60	 43	  
	 	 	 	
G1 0-10	 18	 70	  
G1 10-20	 3	 36	  
G1 20-30	 0	 24	 5.23 meters 
G1 30-40	 0	 11	  
G1 40-60	 1	 25	  






Results	 are	 reported	 for	 chemical	 analysis	 of	metals	 in	 surface	 samples	 by	
ICP-MS,	with	concentrations	given	per	dry	weight	of	sediments	(Table	1.12).	 	Both	
core	 segments	 and	 surface	 samples	 were	 also	 analyzed	 by	 handheld	 XRF,	 with	
results	 presented	 in	 Chapter	 3.	 Sediment	metal	 concentrations	were	 compared	 to	
consensus-based	 probable	 effects	 concentrations,	 above	 which	 adverse	 ecological	






the	 concentration	 above	 which	 effects	 would	 frequently	 occur	 (ERM)	 (Long	 and	
Morgan,	1991).		
Table 1.7. Concentrations of select metals in Bear Creek sediments compared to PEC, 
ERM and ERL values. Concentrations in bold exceeded the consensus-based PEC.  
 
Station 
                                                        Metal conc. (µg/g)   
Zn Cr Cu Ni Pb   As   Cd 
H2 1524.7 965.6 196.15 47.6 230.75 30.15 13 
H1 1362.8 913.1 164.2 58 203.3 29.4 7.6 
G1 1513.6 987.2 155.5 65.6 193.9 33.5 12.7 
G2 1585.7 1066.1 183.3 60.1 239.2 29.5 7.4 
G3 2229.8 1220.1 315.5 82.6 351.5 43.6 10.3 
F1 1455 944.1 145 51.2 178.8 23.3 8.3 
F2 1389.45 931.8 170.8 21.65 239.5 11.9 2.55 
E1 1569.2 1153.3 163.8 63.1 176.9 28.5 6.6 
E2 1168.3 853 147.8 53.4 189.5 21.6 5.0 
E3 920 547.4 79.2 32.6 184.5 35.8 4.1 
D1 2294.9 2685.65 228.65 118.25 224.95 50.8 9.3 
D2 1451.4 1281.8 176.2 71.9 179.2 27.8 5.5 
D3 1145.55 882.1 138.3 47.85 184.15 31.25 6.45 
C1 1415.95 3196.05 212.95 127.7 96.1 25.4 5.05 
C2 1655.3 1240.3 176.6 76.1 188.8 33.6 6.9 
C3 983.3 720.3 139.6 59.3 175.4 27.3 5.3 
C4 1378.7 799.8 186.7 43.5 485 62.1 4.8 
B1 2000.9 1720.9 343.4 69.2 383.7 44.7 13.2 
B2 986.2 856.7 114 37.1 259.4 55.6 2.5 
A1 705.8 601.2 144.3 62.4 146.5 30.3 4.9 
A2 604.8 467.4 98.5 38.6 150.9 24.7 2.2 
A’1 774.8 614.85 142.45 43.85 189.95 28.3 2.55 
PEC	 459 111 149 49 128   33      5 
ERL 150 81 34 21 47 8.2 1.2 
ERM  410 370 270 52 220 70 9.6 
 
Zinc concentrations ranged from 600 µg/g to over 2000 µg/g with an average of 1368.9 
µg/g, and exceeded sediment screening guidelines throughout the entire system. 
Chromium results were similar, with concentrations ranging from 467.4 µg/g to upwards 




lowest concentrations were found in site A2. Copper, nickel, and cadmium all exceeded 
sediment screening guidelines at over half the sites sampled, while arsenic showed excess 
levels at eight sites. The average copper concentration was 173.8 µg/g, which exceeds the 
PEC value. Nickel concentrations averaged to 60.5 µg/g, exceeding all three screening 
benchmarks. Arsenic values had an average of 33.1, equal to the PEC value. Lead was 
elevated above sediment screening guidelines at every site but site C1.   
 Concentrations were obtained for total PAHs in sediment porewater via PAH 
biosensor analysis. Total PAHs, total PCBs, and TPH in whole sediments were 
determined in a subset of samples at GERG laboratory, Texas A&M. These 
concentrations are compared to consensus-based PEC values (Macdonald et al., 2000), as 
well as to ERL and ERM values (Long and Morgan, 1991). TPH values are compared to 
the SL-SQS, a proposed screening level sediment quality standard for the protection of 
benthic organisms (Inouye, 2014). For all contaminant classes, several sites within Bear 
Creek exceeded established screening levels.  
 
Table 1.8. Concentrations of organic contaminants in Bear Creek sediments. Bold values 






PAH Total Sediment 
(µg/g) 
 






H2 0.41 ND ND ND 
H1 0.47 12.3 0.40 5779 
G1 0.51 13.8 0.50 7504 
G2 0.39 ND ND ND 
G3 0.39 16.3 0.39 6204 
F1 0.51 15.3 0.63 11745 
F2 0.5 ND ND ND 
E1 0.7975 16.2 0.76 19254 
E2 0.83 18.4 0.37 5680 




D1 2.32 45.0 1.16 25794 
D2 0.51 15.7 0.44 22479 
D3 0.3 ND ND ND 
C1 4.37 49.9 1.09 54684 
C2 0.9 ND ND ND 
C3 0.46 23.3 0.38 5759 
C4 0.55 ND ND ND 
B1 6.72 ND ND ND 
B2 0.43 ND ND ND 
A1 0.62 ND ND ND 
A2 0.42 ND ND ND 
A’1 0.64 ND ND ND 
PEC - 22.8 0.68  
ERL - 3.4 0.023  
ERM - 35.0 0.4  
SL-SQS -   3600 
 
 PAH concentrations in sediment porewater ranged from 0.3 µg/g to a maximum 
of 6.72 µg/g, with an average of 1.06 µg/g. Only a fraction of the total sediment PAHs 
were reflected in the porewater; total sediment concentrations of PAHs ranged from 12.3 
µg/g to 49.9 µg/g, with an average of 22.62 µg/g. For total PAHs, sediment guidelines 
were exceeded in three out of ten sites. PCBs showed values ranging from 0.37 to 1.16, 
with an average of 0.612. Sediment quality guidelines were exceeded in seven out of ten 
sites. For total petroleum hydrocarbons, all sites exceeded the SL-SQS guideline, with an 
average of 16,488.2 µg/g.  
 
Toxicity and relationship to contaminant classes  
 Correlations between specific contaminant classes and observed mortality were 
explored through a Pearson Product Moment Correlation, and relationships observed are 
summarized in Table 1.18. Mortality showed a significant positive correlation with 




copper, and arsenic all had positive R values, the correlations were not statistically 
significant.  
Table 1.9. Pearson Product Moment Correlation results for mortality and its relationship 
to various classes of contaminants. R values and p values are presented. [PAH]pw 
represents the concentration of total PAHs in porewater, while [PAH]sed represents the 
concentration of total PAHs in whole sediment. Entries in bold were statistically 
significant. 
 
  Mortality [PAH]pw [Cr] [Zn] [Cu]  [Pb] [Ni] 
[PAH]pw R 0.45499            
 
p-
value 0.03337             
[Cr] R 0.58566 0.68521          
 
p-
value 0.00419 0.00043           
[Zn] R 0.16223 0.39992 0.60881        
 
p-
value 0.47073 0.06516 0.00264         
[Cu]  R 0.10211 0.65255 0.55035 0.81613      
 
p-
value 0.65114 0.001 0.00796 3.64E-6       
[Pb] R -0.26155 0.17969 -0.07061 0.43017 0.5472    
 
p-
value 0.23968 0.4236 0.75486 0.04568 0.0084     
[Ni] R 0.53626 0.52603 0.88721 0.57666 0.53053 -0.15941  
 
p-
value 0.01009 0.01192 3.75E-8 0.00496 0.01108 0.47857   
[As] R 0.02283 0.17981 0.15097 0.32188 0.30859 0.69676 0.16527 
 
p-
value 0.91968 0.42329 0.50244 0.14407 0.16232 0.00031 0.46234 
 
 
Table 1.10. Pearson Product Moment Correlation results for mortality and its relationship 
to various classes of contaminants. R values and p values are presented. [PAH]pw 
represents the concentration of total PAHs in porewater, while [PAH]sed represents the 




    Mortality TotalPCB TPH 
TotalPCB R 0.71801    
 p-value 0.01936     
TPH R 0.72567 0.80442  
 p-value 0.01752 0.00502   
TotalPAH R 0.64858 0.85518 0.81288 



































Figure 1.11.  Measured concentrations of zinc (A), chromium (B), copper (C), nickel  at 
the stations tested for sediment toxicity. Marker size represents concentration of each 





































Figure 1.12. Measured concentrations of total PAHs in sediment porewater (A), and total 
PAHs (B), total petroleum hydrocarbons - TPH (C), and total PCBs (D) in a subset of ten 
sediment samples. Marker size represents concentration of each metal, while marker 









For both inorganic and organic contaminants, sediments in Bear Creek frequently 
exceeded the reference values for sediment quality, indicating the potential of this 
contaminants to cause toxicity within the system. Positive correlations were observed 
between multiple contaminant classes and mortality, and contaminants also tended to 
covary with one another.  
 
Geostatistical Analysis 
 Using ArcGIS Geostatistical Analysis tools, spatial interpolation (kriging) was 
performed for mortality data and for concentrations of chemicals within sediments. 
Universal Kriging using a Stable semiovariogram was chosen to create prediction 
surfaces, so that settings could be documented and maintained between factors. To create 
a mortality prediction surface that covered a wider range, site 34 was included in the 
analysis. Results of kriging performed for survival data are presented in Figure 1.13, 
while kriging results for metals data are presented in Appendix C. For survival data, the 
prediction surface reveals a hub of toxicity at the outlet location of Tin Mill Canal, at the 
shoreline within the C and D transects. The prediction surface indicates that the northern 
boundary of sediment contamination may be consistent with the H transect, while the 



























































Results from the spatial assessment of surface toxicity largely confirmed the first 
hypothesis of the study; that sediment toxicity would decrease with distance from the 
shore of the Sparrows Point industrial complex. Toxicity generally decreased in each 
transect, though in Transect D, toxicity was near 100% across the entire width of the 
channel. In this region, it is apparent that sediments are highly toxic throughout the entire 
depositional region of the channel; samples were exclusively collected for testing in these 





























To the north and south of the D transect, the apparent hub of toxicity in the 
system, mortality decreases. These observed spatial patterns of toxicity within Bear 
Creek can be related to landforms in the on-site area. Most particularly, the hub of 
toxicity demonstrated in the C and D transects is likely a result of the outlet of Tin Mill 
Canal, a constructed swale that drains about 800 acres from the Sparrows Point site 
(EnviroAnalytics Group, 2015). This canal likely serves as an ongoing source of 
contaminants, both organic and inorganic, to the system. From this hub of toxicity and 
contamination, toxic effects in benthic organisms tended to decrease to the north and 
south within Bear Creek. The Sparrows Point Shipyard, located south of Tin Mill Canal, 
may also be a source of historic contamination from a history of waste disposal related to 
shipping activities (Chesapeake Bay Foundation, 2009). To the north of Tin Mill canal is 
the unlined Grey’s Landfill, another source of organics and heavy metals to the system. 
(Chesapeake Bay Foundation, 2009). In general, toxicity results improved to the north 
within Bear Creek, with minimal toxicity noted upstream of these major on-site sources. 
While the creek is tidal, a net flow is still expected towards the main channel of the 
Patapsco, so contaminant transport is more likely to happen from north to south.  
Statistically, sites C1, C2, D1, D2, D3, E1, E2, F1, F2, B1, and A1 were 
significantly different from the control sediments analyzed. Since nonparametric analyses 
are less powerful than their parametric equivalent, this is likely a conservative estimate of 
toxicity. Samples were also analyzed statistically in their specific transects. Statistics 
aside, trends are apparent within the Bear Creek system, with sediment mortality 




analyses of toxicity within Bear Creek, which showed near-total mortality in the direct 
offshore area of Sparrows Point (McGee et al., 1999).  
 An assessment of nine sediment cores to depths of 80 cm provided a depth profile for 
toxicity at the site. Similar statistical challenges arose with assessing core survival data, 
because all cores except C3 had to be analyzed nonparametrically (see Appendix B). A 
relative examination of mortality between core segments is more useful in this case than 
statistical analysis. In general, toxicity in surface grabs (the top 2 cm of sediment) was 
not characteristic of toxicity at depth. For most cores, toxicity at the surface was 
substantially lower than that observed in deeper segments of the core. However, toxicity 
did not uniformly increase with depth as the study’s hypothesis predicted. As seen in 
Figure 1.8, each core showed a unique distribution of toxicity at depth. Core C1, C2, F1 
and G1 were toxic throughout the depth of the core, though in cores F1 and G1 the 
surface (top 2 cm) were distinct from the sediment beneath. G1 and F1 showed higher 
survival within the top 2 cm than that revealed at depth. Cores G2, G3 and F2 showed 
more moderate toxicity at depth, but they continued a pattern observed in G1 and F1. In 
these cores, the top 2 cm were not characteristic of toxicity at depth, where mortality 
increased.  
Most notable among these cores is Core G3, where the surface segment had less 
than 20% mortality but sediments at depth showed up to 80% mortality. Core C4 was 
unique, showing survival increasing at depth. Throughout this core, survival was high, 
indicating that C4 may mark the western boundary of subsurface contamination.  The 
possibility of other depth-related factors contributing to toxicity within cores cannot be 




and tended to increase with depth within each core. According to the USEPA (2001), 
overlying water ammonia for benthic organisms should not exceed 60 mg/L at test 
initiation, and should not exceed 16 mg/L at the end of the test. For surface tests, 
ammonia concentrations were low. However, in core tests several treatments, most 
notably in core C1, exceeded 16 mg/L throughout the test and at test completion. It is 
possible that ammonia toxicity contributed to the increased mortality of organisms in 
deeper segments. However, the decreases in survival at depth were not uniform 
throughout the system, and Core C4’s high survival seems to validate the approach of 
applying toxicity tests at depth.  
  The initial hypothesis put forth in this study - that toxicity would uniformly increase 
with depth - was not supported by the data presented. In general, the data support a 
conclusion that toxicity at the surface cannot be used adequately to predict toxicity at 
depth. Though each core was unique, within the system more toxic sediments were 
generally overlain by less toxic layers. This could be explained by several potential 
mechanisms. It is possible that the less toxic sediments on the surface reflect decreased 
pollutant inputs over time within the system. However, decreases in toxicity at various 
points within the core may also be reflective of changes in the sedimentation rate at the 
site. Additionally, sediment resuspension rates may vary from place to place within the 
system, with shallow areas more prone to resuspension than deep areas. Dating of cores 
could yield more information about the age of sediments and thus the sedimentation rate 
at the site. Additionally, lateral movement of sediments within the system may 





Mason et al. (2004) explored the sedimentation rate and age of sediments at Site 
28, illuminating the complexity of this site. They report generally increasing 
sedimentation rates at the site, with a major peak around 1940, another peak in 1951, and 
a drop in sedimentation after that point; they relate these peaks to potential filling 
activities at the Sparrows Point shoreline by industry (Mason et al., 2004). They also note 
that sedimentation rates are high due to the depositional nature of the estuarine 
environment in Baltimore Harbor. In all, the 2m core they collected for the study 
represented about 100 years (Mason et al., 2004). It is reasonable to assume that the 
entire length of our cores in the near-shore area represented a time where Bear Creek was 
impacted by industry. However, a more thorough exploration of core ages within the 
system would be illuminating, especially since our toxicity and contamination results 
show a potential depth limit to contamination at the western edge of the sampling region. 
Sedimentation rates, though high in the near shore area, may be quite variable throughout 
the rest of the channel.  
Three experiments within this study assessed the potential spatial variability of 
toxicity within the Bear Creek system. Toxicity tests were run on sediments from three 
sites in two different manners – multiple grabs homogenized, and multiple grabs stored 
separately with each run as a replicate. Coefficients of variance were similar between 
homogenized samples and replicate samples, indicating that homogenization of multiple 
grabs does not mask spatial variability in the site at the level of adjacent collection. 
However, some evidence of spatial variability emerged in the homogenization-replicate 
comparison, where site C3 showed different mean survivals (29% in homogenized vs. 




collected samples for three sites, where samples were gathered within 10 m of the 
previous sampling location. Sites C1 and D1 showed good agreement between the first 
test and the repeat test, while D2 showed profound differences, with a second-test 
survival of 48% compared with an initial 2%. This speaks to the potential for substantial 
variability of toxicity either over short time periods or across seasons (unlikely within 
these buried sediments) or small distances (likely). A similar test was conducted with 
core segments, recollected at sites C1, C3 and G1. Cores C1 and C3 showed relatively 
consistent results between the two tests. The most profound differences are seen in Core 
G1, where the top section in the first test produced substantially more lethality than in the 
second test. Survival was seen in all core segments of the second test, while in the first 
survival dropped to 0% between 20 and 40 cm. These tests together indicate the potential 
fairly small-scale spatial variability within the study site.  
 This study also assessed concentrations of several key metals within surface 
sediments and core segments. Metals within surface sediments exceeded predicted effects 
concentrations at each site. Zinc and chromium uniformly exceeded predicted effects 
concentrations throughout the system, and lead exceeded the PEC in all but one site. 
Copper, cadmium and nickel were all in excess of the PEC values in more than 50% of 
sites tested. In Table 1.14, PAH concentrations in porewater of surface sediments are 
displayed, as determined by a PAH biosensor. These values were uniformly low as 
compared with total sediment PAHs, indicating that only a portion of total PAHs are 
available in the sediment porewater. Total PAHs, along with PCBs and TPH, showed 
exceedances within the system. A Pearson Product Moment Correlation was performed to 




constituents assessed, mortality showed a significant positive correlation with nickel, 
chromium, PCBs, and TPH, though it is difficult to say whether any one of these 
constituents could drive toxicity.  
The Pearson Product Moment Correlation not only highlights potential 
relationships between contaminants and toxicity, but also reveals that contaminating 
constituents tend to covary within the system. No single constituent can be singled out as 
a likely driver of toxicity, as many contaminants vary along with one another. 
Establishing cause and effect relationships between contaminant classes and toxicity is 
difficult in complex environmental samples where multiple contaminants may be to 
blame. Additionally, unmeasured contaminants at the site may be primary drivers of 
toxicity (Klosterhaus & Baker, 2006).  
Though results from this investigation agree with McGee et al., (1999) in 
identifying heavy metals as a potential driver of toxicity, a thorough assessment of metals 
toxicity cannot be made unless speciation and bioavailability are adequately addressed. 
The sediments in Bear Creek have high levels of sulfides, and previous research has 
suggested that chromium, while highly elevated in the system, should not be present in its 
toxic form within these sediments (Graham et al., 2009). While assessments of metal 
partitioning have shown minimal levels of metals in sediment porewater (Hansen et al., 
2009), some researchers have put forth alternate explanations for toxicity, positing that 
exposure of organisms to metals may occur primarily through ingestion of particles, 
rather than through the porewater (Long et al., 2013).  Additionally, redox conditions 
may have changed throughout the course of the test as oxidation of sediments occurred 




occur in the field. These deeper sediments may be less toxic in situ, as metals in the lower 
portions of the sediment would be more likely to be reduced than oxidized (lower 
exposure to air, less biological availability). An analysis of hydrogen sulfide 
concentrations at the surface and at depth, perhaps conducted without introducing oxygen 
to the system, could shed light on the bioavailability and toxicity of the metals at the site. 
Additionally, though high sulfide levels would likely bind metals, hydrogen sulfide itself 
could be a contributor to sediment toxicity (Sims and Moore, 1995).   
Organic contaminants, including PAHs, may be significant drivers of toxicity at 
the site. PAHs, PCBs and TPH were all found to correlate with mortality, with TPH 
exceeding PEC levels at all sites throughout the system. The measure of TPH, defined as 
a family of several hundred compounds originating from crude oil, contains a mixture of 
all extractable hydrocarbons within the sample, including PAHs and PCBs (ATSDR, 
1999). TPH showed a very strong relationship with toxicity, which could be due to a) 
other organic contaminants not measured by this studied contained within the larger 
category of TPH, or b) driven by PAHs or PCBs that make up part of the TPH category.  
Spatial interpolation was used to predict toxicity and contaminant concentrations 
throughout the system. The interpolated toxicity results predict a hub of toxicity near the 
shore of Sparrows Point, with its epicenter at the mouth of Tin Mill Canal, a point of 
discharge for the Sparrows Point site (EA, 2011). In general, interpolations for metals 
concentrations predicted a similar distribution and pattern of probable PEC exceedances, 
with the high contaminant concentrations predicted at the Tin Mill Canal outfall. 
However, these results also demonstrate an estimated hot spot of metals contamination 




related to the existence of boatworks and other marine activities in the area. Though 
metals are highly elevated in this location, their oxidation states may result in low 
bioavailability and therefore, low toxicity. Though this area is not known to be toxic to 
benthic organisms, high concentrations of metals in the cove indicate a potential need for 
future analysis of risks to ecological and human health, especially in the case of any 






























Chapter 2: Application of an Antibody-based PAH Biosensor to 





Polycyclic aromatic hydrocarbons (PAHs) are a group of chemicals composed of 
carbon and hydrogen, and produced during the incomplete combustion of fossil fuels, 
wood, or other organic substances, and are found in oil and coal. The PAH class contains 
more than 100 different compounds, and usually occur as complex mixtures rather than 
as single compounds (ATSDR, 1995).  Of these compounds, 17 are considered as priority 
compounds, because they are suspected to be more harmful than others, and because they 
are most highly concentrated at hazardous waste sites (ATSDR, 1995). PAHs can enter 
the environment through the atmosphere as a result of releases from combustion (fires, 
volcanoes, automobile exhaust, etc.), as well as entering surface waters from stormwater 
runoff, as discharge from industrial plants and wastewater treatment plants, and can be 
released into soils, groundwater or sediments at hazardous waste sites (ATSDR, 1995). 
Within the environment, PAHs are most likely to be accreted to solid particles (ATSDR, 
1995). Thus, sediments in marine and estuarine environments often serve as reservoirs for 
these compounds. 
 Bear Creek, near Baltimore, Maryland, is an industrialized site with sediments 
highly contaminated by PAHs. Bear Creek is a tributary of the Patapsco River and is 
directly adjacent to the former Bethlehem Steel manufacturing plant, located at Sparrows 
Point and suspected to be a source of inorganic and organic pollutants in sediments. In a 
comprehensive assessment of sediment contamination within the Chesapeake Bay, sites 




well as considerable amounts of oil and tar which stymied accurate organic contaminant 
quantification (Baker et al., 1997). At this site, sediments have also shown toxicity to 
benthic organisms since testing began over the past several decades, though sediment 
toxicity has not been causally tied to any particular class of compounds (McGee et al, 
1999, 2012; Klosterhaus & Baker, 2006). Because of the abundance of covarying 
contaminants, correlating toxicity test results with concentrations of any one contaminant 
category in the sediments has proven inconclusive, thus far.  
 PAHs, since they are hydrophobic, are found predominantly bound to solid 
particles within sediments. However, freely dissolved PAHs are the most bioavailable 
form of the contaminant to aquatic organisms; therefore, concentrations of PAHs within 
sediment porewater are an important measure of contaminant bioavailability and potential 
toxicity risk (ter Laak et al., 2006). Assessing the relationship between porewater 
concentrations of PAHs and sediment toxicity may be key to understanding the cause of 
toxicity at the Bear Creek site.  
 Traditionally, detection and measurement of PAHs within sediment porewater are 
conducted following an involved process of solvent extraction, fractionation, and analysis 
by high-performance liquid or gas chromatography (Spier et al, 2011). These methods are 
not only costly and labor-intensive, but they require a large volume of sediment sample in 
order to obtain sufficient porewater for analysis, particularly when low levels of 
contaminants are involved (Spier et al., 2011). Portable tools for contaminant detection 
are enabling more rapid site assessment.  
 Immunoassays are a rapidly growing category of detection tools for 




been developed, including some commercially available ELISA PAH test kits (Zhang et 
al., 2012). Immunoassays for environmental PAH offer several advantages, as Spier et al. 
(2011) summarize: they are fast, easy to use, portable, cost-effective, and highly 
sensitive, which enables low-level detection without sample extraction. Cross-reactivity 
often occurs in immunoassays, with an antibody responding to compounds structurally 
related to the analyte (Zhang et al., 2012). In the case of PAHs, antibodies to specific 
species also tend to respond to structurally similar PAHs and related compounds, so 
immunoassays are ideal for assessing total PAH concentrations rather than concentrations 
of particular substituents (Spier et al., 2011). The major limitation of these methods is 
that they are only responsive to total PAHs and not to individual compounds. While 
specificity is lost in this scenario vs. GC analysis, which typically analyzes for a defined 
subset of constituents and can quantify them separately, PAH biosensors provide other 
advantages. By assessing total concentrations of compounds and not just those included 
on a priority list, the biosensor may present a better prediction of actual total sediment 
PAH levels, and of resultant toxicity, than GC-based analysis.  
 Drs. Kaattari and Unger at the Virginia Institute of Marine Science in Gloucester 
Point, VA developed a biosensor based on a KinExA Inline Sensor (Sapidyne 
Instruments), and using a monoclonal anti-PAH antibody cultured in mice with 
specificity to 3- to 5-ring PAHs. They demonstrated detection limits as low as 0.3 µg/L 
and rapid assessment of samples on site in the field. The system showed excellent 
correlations with GC-MS analysis (Spier et al., 2011).  
 The objective of this study is to apply the antibody-based biosensor to Bear Creek 




through GC-MS analysis. The study tests the hypothesis that the PAH biosensor will 
correlate significantly with GC-MS results. This study assesses the correlation of 
concentrations obtained from the antibody-based measurement technique to total 
sediment PAH concentrations. By measuring a subset of samples for porewater PAHs (by 
GC-MS and PAH biosensor) and through whole sediment PAH analysis methods, the 
study tests the hypothesis that the biosensor will a) perform comparably to GC-MS and b) 
yield results that correlate as well with total sediment PAHs as those from GC-MS. The 
study also investigates correlations between total sediment and porewater concentrations 
and sediment toxicity. By measuring porewater PAH concentrations on both the PAH 
biosensor and GC-MS, measuring total PAHs in sediments, and examining correlations 
between these methods and observed mortality, this study tests the hypothesis that the 
biosensor-derived concentrations will correlate better with mortality to benthic organisms 
than GC-derived results or total sediment results.  
 
 
MATERIALS AND METHODS 
 
Site description and sample collection 
Sampling sites for toxicity tests were identified in a grid spanning the width of the 
channel and in a rough north to south gradient. Sites were identified in areas of 
previously established and/or suspected toxicity. Sediment samples from twenty stations 
in the region were collected on June 3-4, 2015, according to standard American ASTM 




sampled. Sediment samples were collected using a full-size Ponar grab sampler and boat-
mounted davit. The top two centimeters of multiple Ponar grabs were homogenized to 
generate testing material, by mixing until homogeneous in texture and color. Sufficient 
material was collected for both toxicity tests and chemical analyses of sediments. 
Subsamples for chemical analyses were stored in 250-mL certified amber jars and pre-
cleaned Mason jars.  
Sediments were sampled at depth by collecting 80 cm cores. Core samples were 
collected from a subset of six sites (C1, C2, C3, C4, F1 and G1) on July 28th, 2015 and 
from three further sites (F2, G2, G3) on September 17th, 2015. Core sites were selected 
based on results from surface toxicity tests, described in chapter 1. Sediment cores were 
collected using an in-house fabricated coring device, which was operated using a boat-
mounted davit. The coring device was comprised of a 4-inch diameter PVC tube 
connected to adjustable lengths of 2-inch PVC pipe, used to plunge the core through 
sediment layers. Inside the PVC system, adjustable lengths of iron rods were attached to a 
rubber valve to create suction within the column, which held collected samples in place.  
Cores were capped for transport to the University of Maryland, (College Park, 
MD) and then were stored vertically in a 4oC refrigerator until processing. Before the 
initiation of sediment tests, cores were removed from the refrigerator and split open 
length-wise using sheet-metal sheers. Cores were segmented by depth, with ten-
centimeter increments from 0 cm to 40 cm and twenty-centimeter increments between 40 
and 80 cm. Subsections of cores were stored in Ziploc® bags in a refrigerator at 4oC. for 




and G1 were collected on January 9th, 2016 to obtain sufficient volume for both biosensor 
and GC-MS analysis of sediment porewater.  
 
Biosensor analysis of PAHs 
 
Subsets of surface samples and cores samples were spun at 3,500 rpm for 50 
minutes in a centrifuge to separate porewater, which was decanted and frozen until 
immediately prior to analysis. The day prior to biosensor analysis, 
polymethylmethacrylate beads (Sapidyne) were coated with the antigen, a pyrene-butyric 
acid-bovine serum albumin conjugate (PBA-BSA). 200 µg of a 1.68 mg/mL stock was 
added to 200 mg of beads. The antibody used for experiment was 2G8, an anti-pyrene-
butyric acid monoclonal antibody produced within mice, sensitive to three- to five-ring 
PAHs (Li et al., 2016). The antibody was frozen down and then fluorescently tagged with 
AlexaFluor 647. The antibody solution was made with 30 mL diluent: 240 µL mAb. 
Antibody solution and antigen-coated beads were loaded into the instrument, and 
voltages were stabilized using water samples. Spier et al (2011) describe the automated 
sample-handling program of the KinExA Inline Sensor. Upon sample introduction, a 
coated bead pack (approximately 400 µL) was loaded into the flow cell. Next, 400 µL of 
fluorescently-tagged antibody was loaded, along with 400 µL of water, standard or 
sample. After mixing within a mixing syringe, half the solution was discarded while the 
rest was introduced to the bead back loaded into the flow cell, and fluorescence was 
recorded by the instrument. As Spier et al. (2011) write, the fluorescence signal “was 
based on competitive exclusion by free PAHs in the sample such that the amount of 




proportional to the concentration of three- to five-ring PAHs in the sample.” Fifty percent 
dimethylsulfoxide in DI water was used for automated rinsing between samples. Samples 
were loaded 7 at a time.  
Standards were prepared with phenanthrene in methanol spiked into DI water at 
concentrations of 0.5 µg/L, 1 µg/L, 1.5 µg/L, 2.0 µg/L and 2.5 µg/L. Standards were used 
to create a calibration curve to determine porewater concentrations. After stabilization 
with water and analysis of standards, samples were introduced. Prior to introduction, 
samples were filtered through a 0.45 µm filter (Millipore). To bring samples within the 
calibration range of the instrument, many samples were diluted from between a 1:1 
dilution and a 100-fold dilution with deionized water.  
 
 
GC-MS analysis of PAHs in porewater 
 
 Subsets of surface samples and cores samples were spun at 3,500 rpm for 50 
minutes in a centrifuge, to separate porewater. Due to high levels of suspended solids 
within porewater samples, they were filtered prior to GC extraction. Filtration occurred in 
three phases, with samples first passed through an 8 µm Whatman nucleophore filter, 
then a 1 µm glass filter, followed by a 0.4 µm Whatman Nucleophore filter. This protocol 
was modified to use a 0.45 µm HAWP Millipore filter to speed the filtration process.  
 Between 72 and 200 mL of porewater from each sample was transferred into 
precleaned separatory funnels, with volumes recorded beforehand. Each sample was 
spiked with surrogate standards containing 2 µg/mL deuterated PAH surrogate (d-4 
dichlorobenzene, d8-napthalene, d10-acenapthene, d-10 phenanthrene, d-12 chrysene, 




using 20 mL of dichloromethane. For each extraction, 20 mL were added to each 
separatory funnel, and they were shaken vigorously for two minutes before phases were 
left to separate and the organic phase was drained from the funnels. The set of extractions 
contained both a laboratory blank and a matrix spike. The volume of the samples was 
reduced under a gentle stream of nitrogen using a TurboVap® evaporator (Zymark Corp., 
Hopkinton, MA, USA) and the internal standard p-terphenyl (ChemService, West 
Chester, PA, USA) was added.  The extracts were analyzed either on a Varian 3400 Gas 
Chromatograph (GC) using a Varian CP-8200 Autosampler coupled to a Saturn 4D 
GC/MS/MS or a Varian CP-3800 GC using a CP-8400 autosampler coupled to a Saturn 
2000 GC/MS/MS ion trap MS  (Varian Inc., Walnut Creek, CA, USA) both operated in 
electron ionization (EI) mode (70 eV). Both were equipped with a split/splitless injectors 
maintained at 320°C. The carrier gas was He and injections were made in splitless mode 
on a DB5, 60 m x 0.32 mm x 0.25 µm film thickness capillary columns from J&W 
Scientific (Folsom, CA, USA).  The GC temperature program was 75°C to 350°C at 4 
°C/min with an initial hold of 1 min, final hold time was 1.25 min.  The Saturn 4D 
GC/MS manifold and the transfer line temperatures were 270°C and 315°C, respectively.  
The Saturn 2000 GC/MS trap, manifold and transfer line temperatures were 245 C, 80 C 
and 320 C respectively. Scans were 100 to 500 m/z for 6 to 71 min; selected ions were 
used to quantify the targeted analytes.  A seven to ten point calibration curve was used 
for the analyses of individual analytes with either the Varian MS Workstation software 
package, version 5.2 or 6.8 (Varian).  The limit of detection was approximately 0.01 µg/l 
per analyte on both instruments.  A laboratory blank was processed with each set of water 





GC-MS analysis of PAHs in total sediments 
Analysis of ten whole sediment sub-samples was performed for PAHs at Texas 
A&M University. Samples H1, G1, G3, F1, E1, E2, D1, D2, C1, and C3 were mailed to 
Dr. Terry L. Wade at Texas A&M using appropriate handling and chain of custody 
procedures. The sediments were extracted for total PAH, PCB and TPH analysis using 
methods previously described by Kirman et al (2016). For TPH and PAH measurement, a 
flame ionization detector was used for quantitative detection. For PCBs, GC-MS in 
selected ion mode (SIM) was used (Wade, personal communication, 2016). 
 
Statistical Analysis 
To assess relationships between PAH concentrations in surface sediments and 
cores, and mortality of sediments during toxicity tests, both linear and logarithmic 





GC-MS analysis vs. biosensor analysis of PAHs 
 
 A subset of eight surface sites were analyzed on both the PAH biosensor and 
using GC-MS. Of these eight samples, one experienced leaking during the extraction 
process in preparation for the GC run. In light of its very low recovery value, this sample 
was excluded from the analysis. Eight additional samples from core segments were 





Figure 2.1. Biosensor PAH concentrations and PAH concentrations derived from GC-MS 
 
The correlation between biosensor PAH concentrations and GC PAH 
concentrations yielded an R2 value of 0.98, showing excellent correlation between the 
two methods. In general, the biosensor measured higher concentrations than GC-MS, 
leading to a slope of less than one.  
 
Table 2.1. PAH values at a subset of surface and core sites, measured by both GC-MS 
and PAH Biosensor  
Site [PAH] GC (µg/L) [PAH] Biosensor (µg/L) 
H1 0.9 6.7 
G2 0.9 4.4 
F1 0.5 2.3 
E2 0.7 0.8 
D1 0.5 0.5 
C1 0.4 0.4 
B1 0.4 0.5 

























C1 10-20 cm 6.4 18.6 
C1 20-30 cm 13.0 29.8 
C1 30-40 cm 33.8 61.0 
C1 40-60 cm 43.9 77.7 
C1 60-80 cm 78.8 131.1 
G1 40-60 cm 1.7 9.5 





PAH concentrations in porewater, surface and cores 
 
PAH	 concentrations	
ranged	from	0.3	µg/L to 6.72 
µg/L in surface sediments. 





























































































Figure 2.3. PAH Concentrations within core segments  
 
 
 In general, PAH concentrations increased with depth in sediment cores, with 60-
80 cm segments exceeding the 0-10 cm segments by up to 27 times.  Core C4 shows a 
unique distribution, with higher concentrations of PAHs in the top core segments vs. the 
lower sections. As Figure 2.3 shows, high mortality generally corresponded with high 














In January of 2016, a second set of cores from sites G1, C1 and C3 were 
collected, and assessed with both toxicity tests and the PAH biosensor measurements of 
total PAHs in porewater. Cores C1 and C3 showed consistent distributions, while 
profound differences are seen in Core G1. Substantial differences were observed in Core 
C1, with a January PAH concentration of 131.10 µg/L in January compared to 40.13 
µg/L in August. Concentrations in the lower portions of cores C3 and G1 also increased. 
Both toxicity and PAH data suggest spatial and/or temporal variability at the study site.  
 






















C1 10-20 22.34 0 18.63 3 
C1 20-30 27.55 0 29.80 0 
C1 30-40 29.88 0 61.03 0 
C1 40-60 36.84 0 77.70 0 
C1 60-80 40.13 0 131.10 0 
 
 
    
C3 0-10 0.37 85 0.57 71 
C3 10-20 2.88 51 3.82 50 
C3 20-30 4.59 45 9.26 51 
C3 30-40 7.70 25 11.31 33 
C3 40-60 7.52 51 11.40 46 
C3 60-80 9.52 60 11.88 43 
     
     
G1 0-10 0.79 18 1.41 70 
G1 10-20 7.70 3 5.81 36 
G1 20-30 11.63 0 10.96 24 
G1 30-40 21.33 0 8.80 11 
G1 40-60 21.90 1 9.53 25 




Correlations of mortality and PAH concentrations in porewater and total sediment 
 Toxicity test data was compared to three different measures of PAH 
concentrations within Bear Creek sediments: Porewater concentrations obtained through 
biosensor and GC analysis in this study, and PAH concentrations in total sediment, 
analyzed for a subset of sites at Texas A&M (Wade Laboratory). Porewater and total 
sediment PAHs were measured for 6 sites on split samples, which were also subjected to 
toxicity testing.  Correlations between porewater concentrations of PAHs and total 
sediment PAHs were assessed for both porewater methods (GC and Biosensor).  
 
Table 2.3: PAH concentrations in sediment and porewater measured by three methods 
Site [PAH]pw 
(Biosensor) 
[PAH]pw   
(GC) 
[PAH]total  Mortality 
H1 0.47 0.4 12.3 24 
G2 0.39 0.4 16.3 33 
F1 0.51 0.5 15.3 72 
E2 0.83 0.7 18.4 58 
D1 2.32 0.5 45 100 
C1 4.37 0.9 49.9 99 
 
Six sample sites  (H1, G2, F1, E2, D1 and C1) were analyzed by all three PAH 
measurement methods. PAH pore water concentrations were in a similar range for both 
analysis methods, though the biosensor measured slightly higher values than GC in all 
cases. Sediment PAH concentrations were significantly higher than porewater 




 Correlations were examined between total sediment concentrations of PAHs, and 
PAHs in porewater measured by each of the two methods. For these relationships, a 
logarithmic curve was the best fit line for the data distribution.  
 
Figure 2.5. Correlations of total sediment PAH concentrations with porewater PAH 
concentrations as assessed by biosensor (left) and GC-MS (right).  
	
	
PAH concentrations in porewater as assessed by the biosensor correlated more strongly 
with total sediment PAH concentrations than those determined with GC-MS, with R2 
values of 0.94 and 0.38, respectively.  
 Correlations between mortality from sediment toxicity tests and a) total sediment 
PAHs, b) porewater PAHs measured by GC, and c) porewater PAHs measured by 
biosensor were assessed. Of the three, total sediment PAHs were correlated most strongly 
with mortality, with an R2 value of 0.79. Because the sediments are so highly 
contaminated with other constituents, the correlation would not be expected to be 
















































Figure 2.6. Total Sediment PAH concentrations (surface) correlated with % mortality  
  
 
Figure 2.7. PAH concentrations in sediment porewater correlated with % mortality from 
sediment toxicity tests.  
 
 
Of the two porewater PAH analysis methods, biosensor concentrations were more 
strongly correlated with mortality for the six surface sites than GC-MS-derived 
concentrations.   
Correlations were also evaluated for a larger set of samples that included both 








































ranging from low to high PAH concentrations, resulting in skewed relationships. 
Nonetheless, the mortality – PAH concentration relationship was stronger for the 
biosensor-analyzed samples than for the GC-analyzed set. A logarithmic relationship fit 
best in all cases when comparing mortality to PAH concentration, indicating a threshold 









Figure 2.8. Correlations of sediment mortality with PAH concentrations in porewater 







The comparison of PAH biosensor measurements of total PAHs in porewater to 
those obtained with GC-MS showed an excellent correlation between the two methods, 
confirming the study’s prediction that the two methods would perform comparably. It is 
worth noting that the biosensor-derived PAH values were uniformly higher than those 
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it is actually a more accurate representation of total PAH content due to the antibody’s 
sensitivity to the entire suite of 3- to 5-ring PAHs, vs. GC analysis of only a subset. As 
Spier et al. (2011) write, many studies of immunoassays have reported overestimating 
PAH concentrations, with this phenomenon occurring through the crossreactivity of the 
antibody with similar compounds in the sample. However, they hypothesized that 
traditional analysis may represent an underestimate of the actual total PAH concentration 
if alkylated species are not considered (Spier et al., 2011).  
When compared with total sediment PAH concentrations, the biosensor showed a 
better correlation than GC-MS measured values. This indicates that the biosensor’s 
higher values may be a better reflection of total sediment concentrations than the lower 
values obtained by GC-MS, which again supports the hypothesis of comparability 
between the two methods. Concentrations of PAHs obtained by each of the two 
porewater methods were assessed in relationship to mortality. Between the two methods, 
the biosensor showed a stronger correlation with mortality that was statistically 
significant. PCBs and TPH both showed a significant relationship with mortality. Each of 
these constituents were compared to toxicologically-based screening levels at which 
biological effects would be expected in Chapter 1. Whole sediment PAH concentrations 
exceeded the predicted effects concentration (PEC) and the effects-range median 
concentration at 3 of the 22 sites, while PCBs were elevated above the PEC at 7 out of 10 
sites assessed (Table 1.8). Total petroleum hydrocarbons were uniformly elevated above 
the SL-SQS, a screening level used to predict adverse effects to benthic organisms. 




surface assessment of sediments indicates that multiple organic stressors are likely to be 
involved in causing toxicity within Bear Creek.  
Several measured contaminant classes correlated with mortality at the site, but 
sediment toxicity may also derive from a complex mixture of measured and unmeasured 
organic contaminants. The measure of TPH, defined as a family of several hundred 
compounds originating from crude oil, contains a mixture of all extractable hydrocarbons 
within the sample, including PAHs and PCBs (ATSDR, 1999). TPH showed a very 
strong relationship with toxicity, which could be due to a) other organic contaminants not 
measured by this studied contained within the larger category of TPH, or b) driven by 
PAHs or PCBs that make up part of the TPH category. 
Previous studies have commented on the substantial oil and tar content of Bear 
Creek sediments, which has interfered with accurate quantification of organic 
contaminants in the past (McGee et al., 1999; Klosterhaus & Baker, 2006). Organic 
contaminants in non-aqueous phases liquids (NAPLs), a large category of non-aqueous 
liquids to which oil and tar would contribute, may be a confounding factor in attempting 
to correlate organic contaminant classes to toxicity at the site. Typically, concentrationsof 
PAHs in porewater are driven by sediment-water equilibrium partitioning. However, as 
Hawthorne et al. (2007) discuss, “any significant amount of a NAPL [non-aqueous phase 
liquid] hydrocarbon phase could change the sediment-water partitioning to liquid-liquid 
partitioning,” leading to a loss of prediction of both porewater concentrations and 
toxicity. Though PAHs are a contaminant of concern with this site, they are most likely 
present in a mixture of other inorganic and organic contaminants, which have together 




Though a cause-and-effect relationship between PAHs in sediment porewater and 
observed toxicity in Bear Creek sediments could not be demonstrated by this study, the 
biosensor’s advantages were clearly demonstrated. The biosensor requires minimal 
sample preparation beyond centrifuging and filtering, enabling the quick analysis of a 
larger number of samples than would have been possible by GC-MS. Preparation alone 
for GC analysis required many days, while 20 surface samples could be prepared and 
analyzed in one day, and 54 core segments in 2-3 days, with the biosensor. Additionally, 
the biosensor was able to provide quantitative measurements of PAHs in porewater using 
a greatly reduced volume. While GC analysis required approximately 100 mL, biosensor 
analysis could be completed with less than 10 mL of pure samples, and even less of 
samples that required dilution. This enabled the testing of porewater from sediment cores 
that were also used for toxicity assays. The small volume of sediment contained within 
core sections would have prohibited running toxicity assays and chemistry analysis on the 
same samples. As the repeated analysis of surface samples and core samples 
demonstrates, significant spatial variability in both toxicity and PAHs can be observed 
within a site. Thus, the ability to run both toxicity assays and chemical analysis on 
samples from the same collection event is highly valuable for assessing correlations 
between mortality and PAH concentrations.  
Several proposals for future research were identified throughout the course of the 
present study. In order to more fully examine correlations between whole sediment PAHs 
and porewater concentrations derived from the PAH biosensor and GC-MS analysis 
techniques in Bear Creek sediments, a laboratory-based study using spiked sediment 




confounding variables presented by other inorganic and organic contaminants that may 
be potential drivers of toxicity, which would hopefully strengthen observed correlations 
between PAH concentrations and lethality of sediments to benthic organisms. 
Additionally, the effect of NAPLs on PAH bioavailability could be assessed within a 





































Within the Bear Creek system, concentrations of metals are known to be elevated 
above predicted effects concentrations (PECs), with zinc and chromium found at 
particularly high levels. These elements are associated with a long history of industrial 
activity at the site, and may be in part responsible for demonstrated sediment toxicity. 
Mason et al. (2004) assessed metals concentrations within sediment cores, and 
determined that surface concentrations of metals were in many cases lower than those at 
depth. These high concentrations of contaminants may present ecological or human 
health risks in this area. However, these risks are still undetermined, in part because of 
the limited current data set that exists for offshore areas. A more comprehensive 
assessment of sediment metal concentrations in Bear Creek is important for assessing the 
extent and depth of contamination at the site, and for guiding management and 
remediation decisions in the future.  
 Traditionally, detection of metals in sediments is conducted by laboratory-based 
methods, including atomic absorption spectrophotometry (AAS) and inductively coupled 
plasma mass spectrometry (ICP-MS). However, assessing contaminant concentrations in 
sediments typically requires intensive sample preparation, including digestion of samples 
with strong acids and oxidizing agents. As Radu and Diamond (2009) describe, the 
extraction process for heavy metals from soils or sediments involves boiling sediments 
with concentrated HCl and HNO3 to completely extract metals, which is still only a 




destructive to samples, preventing further analysis of samples for other constituents. The 
ability to perform direct, rapid and non-destructive analysis of metals in soils and 
sediments is important in efforts to comprehensively map pollution in areas with 
contaminated sediments. In Bear Creek, for example, metal contamination has only been 
assessed in a few areas, and to a limited extent within sediment cores (Mason et al, 2004).  
 Handheld x-ray fluorescence (XRF) is emerging as a technique for assessment of 
total metals concentrations within environmental samples, including sediment, soil and 
water (Melquiades and Appoloni, 2004). The Bruker system utilized in this study is an 
energy-dispersive XRF method. Within the system, x-rays are produced by the 
bombardment of a rhodium target with accelerated electrons. The produced x-ray beam 
interacts with atoms in analyzed samples, displacing electrons from the atom’s inner 
orbital shells. As electrons from outer shells fill the vacancies energy is emitted, and the 
intensity of fluorescence at various wavelengths corresponds to the relative abundance of 
elements present in the sample. Spectra are produced which may be analyzed to 
determine the total composition of materials (Drake, 2014). Though the method is not 
sensitive to different oxidation states and cannot detect elements lower in atomic number 
than sodium, it is capable of measuring total metals concentrations within samples.  
Multiple studies have demonstrated the comparison of handheld XRF with more 
traditional methods of metals analysis. These studies have shown good correlations 
between traditional methods, while demonstrates the technique’s utility in rapid field 
assessment. Perroy et al. (2014) analyzed lead contamination at a former trap-shooting 
range, and were able to assess ten times as many samples as they would have been able to 




develop a fine-resolution three-dimensional map of contamination at the study site. 
Higueras et al. (2011) comment that handheld XRF may be key to enabling 
environmental studies in low-technology areas, including developing countries. 
According to Radu and Diamond (2009), several official methods used by the USEPA 
and the National Institute for Occupational Safety and Health employ XRF technology. 
Though laboratory-based methods like ICP-MS and AAS can increase sensitivity and 
accuracy of assessment, handheld XRF enables faster analysis, allowing real-time 
pollution mapping of contaminated sites, through which areas for more thorough analysis 
can be identified (Melquiades and Appoloni, 2004). Additionally, the method is non-
destructive, so assessment with XRF can be followed by other methods of analysis on the 
same sample, while requiring a low volume of sample.  
 





The first objective of this study is to investigate concentrations of various metals 
in Bear Creek sediment using handheld XRF as a means to increase sample throughput 
and enable measurement of concentrations in core segments. The second is to validate 
handheld XRF for analysis of Bear Creek sediments by comparing results from XRF 
analysis to those obtained through ICP-MS analysis. By comparing results from the two 
methods, this study tests the hypothesis that handheld XRF will yield comparable results 
to ICP-MS analysis, and prove to be a useful technique for evaluating a greater number of 




MATERIALS AND METHODS 
 
Site description and sample collection 
Sampling sites were identified in a grid spanning the width of the channel and in a 
rough north to south gradient. Sites were identified in areas of previously established 
and/or suspected toxicity. Sediment samples from twenty stations in the region were 
collected on June 3-4, 2015, according to standard American ASTM and USEPA 
protocols (ASTM, 1994; USEPA, 1995). On June 11, two more sites were sampled. 
Sediment samples were collected using a full-size Ponar grab sampler and boat-mounted 
davit. The top two centimeters of multiple Ponar grabs were homogenized to generate 
testing material, by mixing until homogeneous in texture and color. Sufficient material 
was collected for both toxicity tests and chemical analyses of sediments. Subsamples for 
chemistry analysis by ICP-MS were stored in 250-mL certified amber jars and pre-
cleaned Mason jars. Subsamples for metals analysis by handheld XRF were stored in 50-




Core samples were collected from a subset of six sites (C1, C2, C3, C4, F1 and G1) 
on July 28th, 2015 and from three further sites (F2, G2, G3) on September 17th, 2015. 
Core sites were selected based on results from surface toxicity tests. Sediment cores were 
collected using a manufactured coring device, which was operated using a boat-mounted 
davit, described in Chapter 1. Cores were segmented by depth, with ten-centimeter 
increments from 0 cm to 40 cm and twenty-centimeter increments between 40 and 80 cm. 
Subsections of cores were stored in Ziploc bags in a refrigerator at 4oC for toxicity tests, 
and aliquots were removed for XRF testing and stored in 50-mL conical tubes.  
 
Sample preparation for handheld XRF 
 Between 10 g and 25 g of each surface and core sample were removed from 
storage and placed on labeled weigh boats (total mass depended upon available material). 
Samples were dried overnight in a Fisher Scientific Isotemp Incubator (Model 6550) at 
60oC, and were weighed following drying to enable assessment of dry vs. wet weight. 
Samples were ground to a fine powder using a ceramic mortar and pestle. All equipment 
was cleaned between samples with soap and water, nitric acid, acetone, and deionized 
water to prevent cross-contamination. Powdered samples were covered and stored in 
polypropylene cups until XRF analysis. 
 Samples were prepared in several different forms and to several different 
thicknesses to examine the effect of sample preparation on XRF signal intensity. Four 
types of samples were prepared: 1) a loose powder in a Prolene® sample cup; 2) a packed 
powder in a sample cup; 3) a pellet, analyzed without the sample cup; a pellet, analyzed 




stainless steel pellet press with a 0.5 inch diameter and a 1.0 inch die cavity. For each of 
these preparation styles, samples were prepared at thicknesses of 10 mm, 15 mm, and 20 
mm, in order to investigate depth to complete signal attenuation. 
 
 Figure 3.2. Sample cups containing powdered sediments (left) and sediment 
pellets (right) 
 
Calibration curves were constructed in two different ways. First, a subset of 
formerly collected samples from within the system were dried and retained to create 
calibration curves. Calibration curves were created manually using these samples, which 
were also used to supplement a pre-loaded Mudrock calibration curve provided by 
Bruker. Another set of calibration standards was created using pure silicon dioxide spiked 
with multiple metals standard solutions, following a spiking protocol summarized in 
Table 3.1. All solutions were obtained from Merck-Millipore, and were 1000 µg/mL for 
the constituent of interest. Standards were created by immersing approximately 7.5 g of 
pure silicon dioxide in a mixture of metal standards, and then heating beakers at 70o C for 








Table	 3.1.	 Standards	 were	 prepared	 to	 match	 the	 following	 series	 of	
concentrations	
 Desired Metal Concentration (µg/g dry weight) 
Standard Zinc Chromium Copper Nickel Arsenic Lead 
Blank 0 0 0 0 0 0 
1 500 500 100 25 20 100 
2 1000 1000 200 50 30 200 
3 2000 2000 300 100 40 300 
4 3000 3000 400 150 50 400 
5 5000 5000 500 200 60 500 
 
Following evaporation, silicon dioxide spikes were mixed with a spatula and placed in 
sample cups for XRF analysis.  
 
  
Handheld XRF analysis of sediments  
  
 Ground and dried samples were re-homogenized and placed in XRF sample cups 
(Chemplex industries) constructed with a Prolene® film bottom.  Each sample and 
standard was loaded into a cup to a uniform depth of 10mm. Sample cups were loaded 
onto the Dewitt sample-
changer, which 
accommodates 20 
samples at a time for 
analysis.  
 





Samples were analyzed for heavy metals using a Bruker Tracer III SD and 
affiliated software – S1PXRF, ARTAX, and Dewitt sample-changer software. A non-
gridded Prolene® window was applied to the nose of the Bruker Tracer III SD handheld 
XRF device. The yellow filter (25 um Ti/300 um Al) was inserted into the device using 
forceps. The Bruker instrument was then mounted beneath the Dewitt sample changer, 
the instrument was switched on, and communication was established between the 
instrument and computer software.  Within the setup dialogue box, the following options 
were selected: 2 Bytes per Channel, Accumulation Mode, Advance Header, S1Mode, 
Number of Channels: 2048. The KTI tube was optimized at 40 keV. Settings used for the 
analysis of heavy metals were 40 keV and 10-12 uA, with no vacuum. Data was collected 
in 120 second intervals, with each sample analyzed in triplicate, using the automatic 
sampling mode on the Dewitt Sample Changer. For spectral analysis, ARTAX software 
was used. Stored PDZ files were converted to TXT files and spectra were opened in 
ARTAX. Region of Interest (ROI) analysis was performed on calibration samples for 
chromium, lead, copper, zinc, nickel, arsenic, and lead, and the settings were saved for 
future application to surface sample and core sample spectra.  For all samples but lead, 
the K-alpha peak was used; for lead, the L-beta peak was selected because the K-alpha 
peak overlapped with that of arsenic (peaks are named based on the electron shell from 






Figure 3.4. Example spectra in ARTAX software, with element selection tool visible.  
 
 
ICP-MS Analysis of Sediments  
  
Subsamples were retained from each surface sediment sample and core segment 
for analysis of select heavy metals and organic constituents. Metals analysis was 
performed at the University of Maryland Chesapeake Biological Laboratory, Solomons, 
MD. Samples were hand-delivered to Dr. Andrew Heyes after being kept on ice. 
Inductively coupled plasma mass spectrometry (ICP-MS) was used to analyze 
concentrations of Cr, Zn, Cu, Ni, Pb, V and As in each sample. Samples were weighed 
and placed in a VWR Scientific Forced Air Oven at 60oC overnight, and were then 
reweighed to determine dry weight/wet weight ratios. Another subsample of each 
sediment was placed in an acid-cleaned quartz flask for microwave digestion, using EPA 
Method 3052. The Milestone EOTHO-EZ uses quartz reaction vessels placed inside 
PTFD flasks, which are sealed during the digestion. For digestion, 1-2 g of sediment were 
placed in the vessel with 9 mL of concentrated ultra pure HNO3 and 2 ml of concentrated 
ultrapure HCL. The vessel was capped with a loose fitting quartz cap, and placed in the 




sealed. The sample was heated to 180oC in the microwave for 15 minutes then allowed to 
reflux for 20 minutes. The samples were then cooled and filtered through Whatman No. 
41 filter paper by suction filtration and diluted to required volume with deionized water. 
These extracts were analyzed using a Hewlett-Packard 4500 Inductively Coupled Plasma-
Mass Spectrometer (EPA Method 6020). Standard reference materials and Digestion acid 
blanks were analyzed with each batch - NIST 1646a and NIST 1944 (NY/NJ), and 
standard additions were done to test for interferences (Heyes, personal communication, 
2016).  
 
Statistical Analysis of Data 
XRF calibration curves were created for zinc, chromium, copper, nickel, and 
arsenic by plotting ICP-obtained concentrations of each metal vs. net peak areas in counts 
per 120 seconds (SiO2 spikes) The equation of the linear regression from this plot was 
used to compute concentrations of surface samples analyzed with XRF. Correlations 
between XRF and ICP-MS were assessed for these surface samples by plotting 
concentration predicted from XRF calibration curves vs. actual concentrations obtained 
through ICP-MS. These values were compared to those obtained via modification of 
Bruker’s Mudrock calibration curve. Core sample concentrations were assessed using the 
Mudrock calibration curve, and concentrations were computed using this adapted 
calibration curve. To assess correlations between metals and mortality, Pearson Product 
Moment Correlations were computed for a) surface samples assessed with ICP-MS, b) 








Results – XRF sample preparation and calibration 
 
The impact of sample preparation on XRF signal response was assessed by 
comparing samples prepared in several different forms and to several different 
thicknesses. Four types of samples were prepared: 1) a loose powder in a Prolene® 
sample cup; 2) a packed powder in a sample cup; 3) a pellet, analyzed without the sample 
cup; a pellet, analyzed with the sample cup; and a wet sample. For each of these 
preparation styles, samples were prepared at thicknesses of 10 mm, 15 mm, and 20 mm. 
Zinc intensities, measured in counts/120s, were measured and plotted.  
 
Figure 3.5. Sample preparation comparison for handheld XRF. “Pellet” indicates a pellet 
run without a sample cup, while Pellet (Pro) indicates a pellet that was placed in a 
Prolene® sample cup. Raw peak intensities recorded by the XRF software are reported 
for samples of each style and each thickness. Bars represent an average of three readings, 



















































Signal responses were comparable across multiple thicknesses for the pressed powder, 
loose powder, and pellet forms, when all were assessed within the Prolene® sample cups. 
Signals were substantially higher when pellets were analyzed without the sample cup. 
Wet samples were somewhat lower than dry samples, but still within a comparable range.  
              Several methods were explored for creating calibration curves, including 
constructing a manual calibration curve out of an old set of samples gathered from within 
Bear Creek, and using these standards to modify Bruker’s built-in Mudrock calibration. 
Silicon dioxide spiked with metals yielded a superior set of manual calibration curves 

























































































Though the SiO2 spikes yielded excellent metal-peak intensity correlations, when the 
equations were used to predict metals concentrations in surface samples already validated 
with ICP-MS, the results showed poor correlations. The standards were not used on their 
own, but were instead measured and used to supplement Bruker’s Mudrock calibration 
curve, a built-in curve on the XF instrument. The calibration curve can be modified with 
any number of standards, and applies various inter-element corrections to account for 
interactions between elements within the spectrum. Correlations were improved for zinc, 
nickel and copper by using the modified Mudrock curve, though room for improvement 
remains. Chromium’s best correlation was obtained by using the manually-created 
calibration curve.  
 
Results: ICP-MS vs. handheld XRF 
 
 
Table 3.2. Concentrations of select metals in Bear Creek sediments, measured by ICP-
MS and XRF.   
 
Station 








ICP XRF ICP XRF ICP XRF ICP XRF 
H2 1524.70 1647.83 965.60 608.41 196.15 211.03 47.60 102.81 
H1 1362.80 1549.40 913.10 662.80 164.20 193.10 58.00 106.24 
G1 1513.60 1822.25 987.20 699.88 155.50 192.54 65.60 113.85 
G2 1585.70 1643.67 1066.10 712.64 183.30 200.12 60.10 120.79 
G3 2229.80 1493.08 1220.10 606.82 315.50 175.19 82.60 96.81 
F1 1455.00 1771.66 944.10 770.30 145.00 202.80 51.20 131.21 
F2 1389.45 1379.93 931.80 630.66 170.80 169.53 21.65 105.90 
E1 1569.20 1809.68 1153.30 939.37 163.80 212.98 63.10 175.48 
E2 1168.30 1070.98 853.00 504.26 147.80 157.52 53.40 91.95 
E3 920.00 1090.70 547.40 523.72 79.20 102.66 32.60 93.36 




D2 1451.40 1561.87 1281.80 947.34 176.20 192.35 71.90 155.55 
D3 1145.55 1317.16 882.10 506.73 138.30 186.42 47.85 99.33 
C1 1415.95 1649.13 3196.05 1529.99 212.95 293.26 127.70 277.36 
C2 1655.30 1824.59 1240.30 753.08 176.60 240.62 76.10 194.72 
C3 983.3 1116.41 720.30 544.13 139.60 163.60 59.30 98.96 
C4 1378.70 1356.20 799.80 639.51 186.70 198.25 43.50 104.82 
B1 2000.90 2356.74 1720.90 1106.60 343.40 470.28 69.20 153.71 
B2 986.20 1161.26 856.70 783.46 114.00 161.44 37.10 113.60 
A1 705.80 1111.72 601.20 611.28 144.30 235.40 62.40 109.14 
A2 604.80 758.82 467.40 405.53 98.50 135.96 38.60 81.94 
A’1 774.80 931.41 614.85 537.84 142.45 192.02 43.85 99.53 
 
 
Handheld XRF results differed substantially from those obtained through ICP-MS 
analysis, and deviations were different from element to element. For zinc, XRF values 
were greater than ICP-MS values for 18 out of 22 samples. In sites G3, F2, E2 and C4, 
XRF values were lower. For chromium, XRF values were lower than those obtained 
through ICP-MS, except in the case of site A1. For some sites, ICP-MS values for 
chromium were twice as high as XRF values. Copper XRF values were also generally 
higher than ICP-MS values, with the same sites deviating from the trend as in the case of 
zinc. All XRF values for nickel were higher than ICP-MS, sometimes by three times or 
more. Deviations between ICP-MS and XRF must be evaluated on an element-by-
element basis, though copper and zinc do show similar trends to one another.  
 Correlations between ICP-MS and handheld XRF were explored for the four 
metals summarized in Table 3.2. For several key metals, measurements from ICP-MS 
and handheld XRF were reasonably correlated (Figures 3.7, 3.8, 3.9, and 3.10). However, 
R2 values between .55 and .88 show that calibration curves may require further 






Figure 3.7. Correlation between zinc values as measured by ICP-MS, and as measured by 
handheld XRF, using the modified Mudrock calibration curve. Each point is an average 






Figure 3.8. Correlation between chromium values as measured by ICP-MS, and as 
measured by handheld XRF, using a manual calibration curve. Each point is an average 































































Figure 3.9. Correlation between copper values as measured by ICP-MS, and as measured 
by handheld XRF, using the modified Mudrock calibration curve. Each point is an 
average of three measurements, with error bars representing the standard deviation of the 
three measurements.  
 
 
Figure 3.10. Correlation between nickel values as measured by ICP-MS, and as measured 
by handheld XRF, using the modified Mudrock calibration curve. Each point is an 
average of three measurements, with error bars representing the standard deviation of the 






























































XRF concentrations in sediment cores 
 
 Concentrations in core segments were predicted using the modified Mudrock 
calibration curve for zinc, nickel and copper, and the manual calibration curve for 
chromium. Though exact values are likely inaccurate due to the need for further 
calibration curve modifications, relative abundances of elements within cores can be 
estimated.  
 
Figure 3.11. Predicted concentrations of chromium and zinc in C-transect cores.  
































Figure 3.12. Predicted concentrations of chromium and zinc in F- and G-transect cores  
 







































Figure 3.13. Predicted concentrations of copper and nickel in C-transect cores  
 
In several instances, copper was predicted as a negative concentration, indicating errors 
with the calibration curve that may be impacting XRF measures of this element.  













































































Correlations between contaminants and toxicity 
 
A Pearson Product Moment Correlation was performed that included concentrations of 
metals at depth within sediment cores, and results were compared to those of a 
correlation test performed only on surface samples in Chapter 1. Chromium and nickel 
were correlated with mortality in surface sediments and within cores. When core 
segments were assessed, zinc showed a statistical correlation with mortality, which was 
not revealed by the surface analysis. All correlations were improved by including 
samples at depth, and results indicate that although zinc may not be a driver of toxicity in 
surface sediments, it may be significantly correlated with toxicity at depth.  
 
Table 3.3. Comparison of mortality-metal correlations between surface and core samples 
Element Surface  Cores  
Zinc 0.10706 (p>0.05) 0.42776 (p<0.05) 
Chromium 0.50568 (p<0.05) 0.59844 (p<0.05) 
Copper 0.08299 (p>0.05) 0.05674 (p>0.05) 






An exploration of various sample preparation techniques showed comparability 
between loose powder and packed powder samples. Pellets showed substantially higher 
readings when they were analyzed without the Prolene® sample cup; however, when 
measured in the sample cup, they were within the range of the measurements for the two 
powdered forms. The higher concentrations observed without the sample cup may be due 
to decreased distance between the x-ray beam and the sample, or due to the fact that 




lower than their dry counterparts, likely due to their difference in composition (more 
water leads to diluted metal concentrations). However, the differences were not extreme, 
and indicate that the use of the XRF device in the field unprepared samples may still 
yield useful information on relative contaminant loads.  
Difficulties were encountered throughout the XRF calibration process. The 
instrument is pre-loaded with several calibration spectra created by the company, with 
built-in corrections for inter-element interactions. However, the Mudrock calibration 
curve – typically applicable to sediments from estuarine environments – did not have 
standards sufficiently high in zinc and chromium to accommodate Bear Creek samples. 
By supplementing the built-in calibration curve with spiked metals standards, correlations 
were obtained between XRF-measured results and ICP-MS measured results for zinc, 
chromium, copper and nickel. For several samples, standard deviations were large, 
indicating that further factors need to be corrected for within our set of samples. Further 
analysis is required to determine if other corrections can be applied to improve these 
correlations. As a first step, a smaller segment of samples from the field will be spiked 
with metal concentrations in order to assess recovery and determine exact concentrations 
for the creation of a calibration curve. Though the previous attempt at calibration with in-
system samples was ineffective, it is possible that further refinement of this method will 
yield more accurate results due to the closer matching of calibration standards to sample 
material.    
Using the XRF calibration curves created from in-system samples, metals 
concentrations in core segments were calculated. As the surface concentration prediction 




in calibration curves. However, relative concentrations of metals within various cores can 
be assessed. In general, higher concentrations of metals were found in the most toxic 
core, C1. Each metal had a unique depth profile. In most cases, zinc and chromium were 
higher at depth than within surface segments.   
Two Pearson Product Moment Correlations were conducted on various subsets of 
samples. ICP-MS derived metal concentrations and mortality correlations were assessed, 
and the test determined that mortality was positively correlated with both chromium and 
nickel to a statistically significant degree. Mortality was negatively correlated with lead 
and cadmium and positively with arsenic and cadmium, though these relationships were 
not statistically significant. Correlations were also strong between the key metals within 
the system, indicating that they are co-varying within the system. In the second 
correlation test, core samples assessed with handheld XRF compared with mortality 
values. Mortality was once again significantly associated with chromium, but also with 
zinc, which had previously not shown a significant relationship. Results indicate that 
chromium is most strongly correlated with toxicity, though a correlation between zinc 
and toxicity emerges at depth. The relationship between mortality and chromium is 
strengthened by the inclusion of core segments, and a correlation between zinc and 
mortality emerges when sediments at depth are analyzed.  
Previous mechanistic studies have assessed chromium at the site, and determined 
that its oxidation state (Cr(III)) is not conducive to bioavailability or resulting toxicity 
(Graham et al., 2009) This reveals one limitation of the XRF method – it does not allow 
for the assessment of metal speciation, which is highly relevant to determining toxicity. 




with toxicity that is likely to be caused by multiple stressors at the site. However, an 
analysis of hydrogen sulfide concentrations at the surface and at depth, perhaps 
conducted without introducing oxygen to the system, could shed light on the 
bioavailability and toxicity of the metals at the site. Additionally, though high sulfide 
levels would likely bind metals, hydrogen sulfide itself could be a contributor to sediment 
toxicity.  
Results from this investigation demonstrate the utility of handheld XRF as a fast 
and field-portable tool for analysis of contaminated sediments. Complementary analyses 
of metals in Bear Creek sediments by ICP-MS and handheld XRF yielded reasonable 
correlations, with the handheld XRF technique offering several advantages over ICP-MS. 
Handheld XRF requires minimal sample preparation, and the rapid analysis of dozens of 
samples. The handheld XRF technique enables the rapid detection of sediment 
contaminants and provides a means for pollution mapping in real time and in the field, 
and at a substantially reduced cost when compared with traditional sediment analysis 
methods.  
Limitations still exist for this method. For example, future work must be 
completed to find corrections that will improve correlations between ICP-MS and XRF at 
Bear Creek. For this reason, handheld XRF data remains semi-quantitative in this study, 
limiting its ability to be used within a regulatory context. Future work will aim to reduce 
the limitations of this method and bolster the quality of handheld XRF data so it may play 
a more substantial role in environmental management. Regardless, handheld XRF 
provides a means to quickly screen sediments for contaminants and pinpoint areas for 




a much higher number of samples than could be assessed with ICP-MS, including the 
assessment of metals concentration at depth within sediment cores. Though cause and 
effect relationships between contaminants and toxicity remain elusive, handheld XRF 




Discussion, Conclusions and Future Directions  
 
Results from the spatial assessment of surface toxicity largely confirmed the first 
hypothesis of the study: that sediment toxicity would decrease with distance from the 
shore of the Sparrows Point industrial complex.  An assessment of nine sediment cores to 
depths of 80 cm provided a depth profile for toxicity at the site, but did not support the 
initial hypothesis that toxicity would uniformly increase with depth. In general, the data 
support a conclusion that toxicity at the surface cannot be used to adequately predict 
toxicity at depth, and that sediment toxicity tests run both on surface sediments and at 
depth are a valuable means to delineate the boundaries of impacted sediments within the 
Bear Creek system.  
An analysis of chemical constituents and their relationships with toxicity leaves 
one overwhelming conclusion: that no single constituent can be singled out as a likely 
driver of toxicity, as contaminants tend to vary along with one another. Establishing 
cause and effect relationships between contaminant classes and toxicity is difficult in 




scenario, toxicity tests are especially valuable as a measure of direct biological impacts, 
because our ability to extrapolate biological impacts from chemical parameters is limited 
if cause and effect relationships have not been established.  
While no single contaminant is likely to blame, several were elevated above 
screening levels throughout the system. Zinc and chromium uniformly exceeded 
predicted effects concentrations throughout the system, while copper, cadmium and 
nickel were all in excess of the PEC values in more than 50% of sites tested. Total 
sediment PAHs, along with PCBs and TPH, showed exceedances within the system. A 
Pearson Product Moment Correlation was performed to assess relationships between 
mortality and contaminant concentrations. Of the constituents assessed, mortality showed 
a significant positive correlation with nickel, chromium, PCBs, and TPH. In assessing the 
spatial distribution of contaminants and predicted contaminant concentrations through 
kriging, the epicenter of pollution was placed at the outlet of Tin Mill Canal, a known 
point of discharge (EA, 2011). Interpolation also demonstrated an estimated hot spot of 
metals contamination within Peach Orchard Cove, where minimal toxicity was 
demonstrated, likely due to their lack of bioavailability. Though this area is not known to 
be toxic to benthic organisms, high concentrations of metals in the cove indicate a 
potential need for future analysis of risks to ecological and human health.  
Throughout this study, the value of two fast, low-cost, and potentially field-
portable analytical chemistry techniques was demonstrated. Excellent correlations were 
reported between the antibody-based biosensor and GC-MS measurement of PAHs. 
While handheld XRF correlations left room for improvement, the technique still shows 




cases, the use of these fast methods with simple sample preparation requirements enabled 
the testing of a greater number of samples than would have been possible with the 
traditional chemistry techniques to which they were compared. While toxicity at the site 
is a complex issue, incorporating subsurface samples lead to improved correlations 
between PAHs, chromium, nickel and sediment mortality.  
While both techniques proved valuable in expanding the chemical data set for 
Bear Creek sediments, there were limitations to the investigation. In the case of handheld 
XRF, oxidation states are not able to be determined. Similarly, the instrument is unable to 
detect elements below sodium, and is therefore unable to factor these elements into its 
conversion of signal responses to weight/weight concentrations. For sediments like these, 
with high levels of organic pollutants, this may seriously confound efforts to obtain 
quantitative results from handheld XRF. Several measured contaminant classes correlate 
with mortality at the site, but sediment toxicity may also derive from organic constituents 
that were not measured in this study. Previous studies have commented on the substantial 
oil and tar content of Bear Creek sediments, which has interfered with accurate 
quantification of organic contaminants in the past (McGee et al., 1999; Klosterhaus & 
Baker, 2006). Organic contaminants in non-aqueous phases may be a significant driver of 
toxicity at the site. Further experiments in a controlled laboratory setting may be most 
helpful in determining the causative agents of toxicity at the site.  
In the introduction to Chapter One, two ongoing risk assessments were introduced 
– one by EA Engineering, and the other by Exponent. Recent data has been released for 




Since their interim report in early 2015, which demonstrated continued elevated levels of 
PAHs, metals and PCBs in the offshore area at Sparrows Point, EA Engineering has 
proceeded with the second phase of their sampling and analysis. They reported the 
highest values of nickel and zinc at the outlet of the Tin Mill Canal. At this location 
(Transect C/D in the present study), they proceeded to collect samples in transects across 
the channel, which demonstrated elevated levels of metals. They also reported high levels 
of total PCBs and PAHs in these sediments, along with observing samples with “a sheen 
and/or odor indicating likely petroleum contamination” (EA Engineering, 2016). As a 
result of high contamination near the Tin Mill Canal outlet, they focused sediment coring 
efforts in this area. They found varying trends of contaminant concentrations throughout 
the cores, with some contaminants increasing and some decreasing at depth, similar to the 
toxicity results reported in this study. Our study supplements these efforts by providing 
data for surface sediments and sediment cores within the northern reaches of Bear Creek, 
where high levels of metals were observed and substantial toxicity was seen at depth.  
 EA Engineering used the data collected 2014-2015, as well as results from fish 
and crab tissue collected during the Coke Point risk assessment published in 2011 (EA 
Engineering). They determined that in the northeast/near shore region of the channel, 
potential carcinogenic risks exist for modeled PAH concentrations for fish and crab 
ingestion. No risks were determined for wildlife. In the southern portion of the site, 
potential human health risks and risks to wildlife are indicated for PAHs and PCBs 
through ingestion of fish and crab tissue. All human health risks related to fish and crab 




as well as within Peach Orchard Cove in the vicinity of Site G3, will be valuable for 
improving these risk assessments.  
 Exponent released a technical memorandum in October 2015, which compared all 
previously collected sediment and surface water data to screening criteria for human 
health. They found exceedances of screening values for PAHs in surface water at some 
locations, though the exceedances were only slightly above the screening level. They 
identified concentrations of PCBs in sediments that exceeded site-specific screening 
levels developed for the Coke Point assessment.  In terms of metals, they identified 
arsenic as the most noteworthy metal, with sediment concentrations exceeding the EPA’s 
regional screening levels. However, they determined that arsenic did not exceed site-
specific levels, which were based on an estimate of actual use and potential exposure. 
They found elevated levels of chromium, as all previous studies have identified; however, 
uncertainties still exist surrounding the oxidation state and resultant toxicity of chromium 
within the system (Exponent, 2015). In conclusion, they determined that the 
concentrations of arsenic and chromium, as well as PCBs, may warrant further evaluation 
of human health risks at the site (Exponent, 2015).  
Through this study, a number of scientific uncertainties and directions for future 
research have been identified, with respect to understanding the cause and extent of 
toxicity within Bear Creek. However, a particularly rich area for future research is in 
exploring our gaps in knowledge with respect to human health exposure. From the 
perspective of human health risk assessment, gaps still remain in our knowledge of 
recreation and usage at the site. Through risk assessments at Coke Point (EA, 2011) and 




watermen have been identified. However, the risks identified in these studies were based 
on incomplete knowledge of usage patterns. In most risk assessments, site-specific 
guidelines have been established that are lower than EPA’s regional screening levels, 
given that the Sparrows Point offshore area is considered to be an ‘industrial’ 
environment with comparatively low usage. A comprehensive survey to identify the 
frequency at which Bear Creek is used for fishing, crabbing and recreation would 
significantly improve our ability to estimate potential risks from consumption or contact 
to sediments. This data may be particularly relevant to community stakeholders, who are 
witnessing the beginning of a redevelopment process at a site whose risks just beginning 
to be understood.  
Bear Creek is a known impacted area with demonstrated toxicity, a complex 
mixture of organic and inorganic contaminants, and potential risks to ecological and 
human health. It is also an area facing redevelopment decisions in the near future, a 
process for which a clear understanding of contamination at the site is critical. Risks to 
human and ecological health have so far been analyzed with respect to current conditions, 
and not under any particular redevelopment scenarios, which will need to be considered 
in a risk assessment context. One major finding from this study is the demonstration of 
increased toxicity and contaminant levels at depth within sediment cores. Under future 
development scenarios where sediment may be moved, disturbed or re-suspended, these 
subsurface reservoirs of historic contamination may contribute to increased risks. Overall, 
this study improves our understanding of the spatial extent of toxicity and contamination 
at Bear Creek, supplementing ongoing risk assessments while laying the groundwork for 




 Appendix A – Sampling Coordinates 
 




Latitude Longitude Water Depth 
(feet) 
A1 39.221805° -76.500591° 15 
B1 39.224409° -76.500852° 13 
B2 39.224226° -76.504357° 11 
C1 39.228077° -76.493229° 5 
C2 39.227752° -76.497105° 10 
C3 39.227459° -76.500977° 15 
C4 39.227083° -76.504547° 9.5 
D1 39.230168° -76.493975° 8 
D2 39.229961° -76.496959° 11 
D3 39.229931° -76.500837° 9 
E1 39.233082° -76.494894° 10 
E2 39.232945° -76.498168° 13 
E3 39.232750° -76.501257° 7 
F1 39.235989° -76.495340° 11 
F2 39.235927° -76.498700° 12 
G1 39.240980° -76.491990° 11 
G2 39.240482° -76.496783° 12 
G3 39.241321° -76.502537° 11 
H1 39.243898° -76.490956° 13 
H2 39.246325° -76.495016° 11 
34 39.25344 -76.47736 9 
23 39.22209° -76.50574° 9 
24 39.21835° -76.50709° 14 
 
 
Table 2. Sampling Coordinates – Surface Repeat – July 28th 2015 
 
Site Latitude Longitude Water Depth (feet) 
C1 39.22795 -76.49341 4 
D1 39.23008 -76.49491 6 
D2 39.22990 -76.49667 9 
 
 
Table 3. Sampling Coordinates – Cores – July 28th 2015 
 
Core Latitude Longitude Water Depth (feet) 
C1 39.22803 -76.49341 5.5 




C3 39.22749 -76.50143 14 
C4 39.22721 -76.50425 9.5 
F1 39.23639 -76.49577 10.5 
G1 39.24111 -76.49205 10.5 
    
    
Core Latitude Longitude Water depth (feet) 
G3 39.24139 -76.59240 8 
G2 39.24051 -76.49641 9 




Table 4. Sampling Coordinates – Repeat – January 9th, 2016  
 
Core Latitude Longitude Water depth (feet) 
G1 39.24115 -76.49203 10 
C1 39.22800 -76.49340 5.25 


































Appendix B - Statistical results for Chapter 1 Toxicity Tests  
 
For	 statistical	 analysis,	 survival	 values	 were	 converted	 to	 decimal	


























    
CONTROL 98 2.74 --- No (1.000) 
CONTROL (IS) 90 17.32 No (1.000) --- 
A1 34 12.50 Yes (0.004) Yes (0.024) 
E1 8 8.37 Yes (<0.001) Yes (<0.001) 
E2 42 12.04 Yes (0.006) Yes (0.041) 
E3 67 14.83 No (0.356) No (1.000) 
F1 28 13.04 Yes (<0.001) Yes (0.005) 
F2 54 17.10 Yes (0.049) No (0.234) 
G1 69 14.75 Yes (0.045) No (1.000) 
G2 67 9.08 No (0.349) No (1.000) 




H1 76 16.73 No (1.000) No (1.000) 




Of the eleven test sites included in the first toxicity test, five – A1, E1, E2, F1, and F2 - 
showed significant differences from the Bigwood Cove control sediment. All sediments 
that differed significantly from the Bigwood Cove sediment were also significantly 
different from the in-system control sediment, except for sample F2 (54% survival). For 
this test, sediments with above 60% survival did not show significant differences from 
either control.  
 
 




















    
CONTROL 99 2.24 --- NO (1.000) 
CONTROL 
(IS) 98 2.74 
NO (1.000) --- 
B1 13 11.09 YES (0.032) YES (0.042) 
B2 49 21.62 NO (1.000) NO (1.000) 
C1 1 2.24 YES (<0.001) YES (<0.001) 
C2 9 8.94 YES (0.009) YES (0.012) 
C3 29 17.82 YES (0.032) NO (0.396) 
C4 50 14.14 NO (1.000) NO (1.000) 




D2 2 2.74 YES (<0.001) YES (0.001) 
D3 5 5.00 YES (0.003) YES (0.004) 
A2 61 13.87 NO (1.000) NO (1.000) 
A’1 42 29.07 NO (0.966) NO (1.000) 
 
 
Sediments were also analyzed within their respective transects (A through H). Three 
transects – B, G and H – passed normality tests (Shapiro-Wilk) and equality of variance 
tests, and were able to be analyzed parametrically using a one-way ANOVA with post-
hoc Holm-Sidak comparisons. The transect-specific parametric analyses increased the 
power of the test sufficiently to detect differences from control sediments in sites B2, G1, 
G2, H1, and H2, which were not detected in the less powerful nonparametric analysis. 
Site G3 remained indistinguishable from the control sample even with parametric 
analysis.  
 
Table 3. Comparison of sites in transect B to Test 1 control sample using parametric 






















Table 4. Comparison of sites in transects G and H to Test 2 control sample using 










































In Core C2, a band of statistically significant toxicity was observed between 10 and 30 
cm. Though toxicity was substantial in other segments, the nonparametric nature of the 
data required rank-based non-parametric analysis resulting in the detection of only a few 
significantly toxic segments. The core tests were also run with only four replicates, 
resulting in a loss of statistical power.  
 
Table	6.	Core	C3	-	Mean	survival	and	statistical	significance	in	core	segments.	Bolded	
















   
CONTROL	 93	 ---	 	
0	–	10	cm	 85	 NO	(1.000)	 NO	(0.137)	
10	–	20	cm	 51	 NO	(0.076)	 YES	(<0.001)	
20	–	30	cm	 45	 YES	(0.040)	 YES	(<0.001)	
30	–	40	cm	 25	 YES	(<0.001)	 YES	(<0.001)	
40	–	60	cm	 51	 NO	(0.096)	 YES	(<0.001)	
60	–	80	cm	 60	 NO	(0.251)	 YES	(0.001)	
 
In Core C3, nonparametric analysis detected two segments, 20-30 cm and 30-40 cm, that 
were statistically different from the control, with survivals of 45% and 25%, respectively. 
Parametric analysis detected three more statistically toxic segments, with only the top 
























In Core C4, percent survival ranged from 73 to 94 percent. None of the core segments 
were significantly different from the control. Cores F1, F2, G1, G2 and G3 showed 
similar statistical results to core C2, with some segments detected as statistically 
significant and some detected as indistinguishable from the controls. The ranges of 
percent survival that corresponded with significant toxicity were different for each core, 















































































































































































Kriging can also be used to estimate and display the probability of exceeding a specified 
threshold within a system. Probability maps were generated for copper, nickel, zinc and 
chromium; only copper and nickel are displayed, because chromium and zinc were 
elevated above the PEC throughout the entire system.  
 











Figure 2. Maps showing probability of exceeding PEC value for nickel and copper 
 
In general, results of spatial interpolation for metals correspond with the toxicity 
prediction surface, with higher concentrations estimated and PEC exceedances more 
likely in the near-shore area. However, spatial interpolation demonstrates the potential 
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